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ABSTRACT  

This thesis presents an integrative evaluation of stream ecosystem functioning in the Azores, 

focusing on how land-use changes and natural metal enrichment derived from volcanic activity affect 

organic matter decomposition, an essential process that determines freshwater ecosystem integrity. 

Through field experiments and laboratory trials, this work demonstrates that both anthropogenic and 

natural stressors interact to alter the physical environment and biotic community structure of island 

streams, leading to variations in decomposition dynamics. 

To evaluate the impact of riparian forest modifications (cryptomeria plantations and pastures) on 

organic matter decomposition in streams, a field experiment was conducted to compare these altered 

environments with non-impacted streams dominated by native laurel vegetation. The study used 

Ochroma pyramidale wood and Clethra arborea leaves as substrates, enclosed in fine and coarse 

mesh bags, to differentiate between microbial-driven decomposition and decomposition mediated by 

both microbes and macroinvertebrates, respectively. Land-use changes, particularly the conversion 

of native laurel forests to pastures and cryptomeria plantations, significantly influenced 

decomposition rates. While microbial-driven decomposition remained stable across native and 

commercial plantation streams, suggesting potential functional redundancy of decomposer 

communities, pasture streams exhibited enhanced decomposition related to higher water temperatures 

and nutrient content. Shredder contributions, particularly by endemic taxa such as Limnephilus 

atlanticus, were stream-specific and strongly shaped by habitat features and elevation. 

Metal enrichment of streams due to volcanic activity constitutes a specific environmental 

pressure from natural origin that influences the organic matter decomposition process. To evaluate 

the impact of natural metal enrichment on shredders and microbial decomposition, two microcosm 

experiments were conducted. The first experiment assessed the feeding preferences, consumption 

rates, growth, and survival of the endemic Azorean shredder caddisfly Limnephilus atlanticus. We 

used three types of leaf litter: the high-quality exotic Alnus glutinosa (as control) and the more 

recalcitrant native species Ilex perado and Laurus azorica. These were submerged in a metal-enriched 
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stream and a reference stream with low metal concentrations. The second experiment focused on 

microbial decomposer responses. Leaf litter from Clethra arborea was initially submerged in two 

streams with contrasting metal concentrations (low and high). Subsequently, the litter was incubated 

in six water treatments, representing a gradient of metal concentrations: 100% (only metal-enriched 

stream water), 75%, 50%, 25%, 10%, and 0% (only reference stream water). Microbial decomposition 

was assessed through leaf litter mass loss and aquatic hyphomycete responses, including sporulation 

rate, taxa richness, and community structure. Metal deposition on leaf litter surfaces reduced 

palatability for shredders and altered microbial colonization, leading to diminished fungal sporulation 

and decomposition efficiency. These effects were more pronounced under high metal concentrations 

and were influenced by leaf litter traits, such as toughness and secondary compounds content. 

Evidence of compensatory feeding and hormesis responses in decomposers underscored the 

complexity of biotic responses to metal stress. 

Together, these findings reinforced the value of organic matter decomposition as a functional 

indicator of ecosystem integrity. However, they also highlighted the necessity of context-specific 

interpretation, especially in metal-enriched environments. While this work contributes to a deeper 

understanding of ecosystem processes on oceanic islands, further in situ studies are needed to 

calibrate these tools under natural environmental variability. Ultimately, this thesis emphasizes the 

importance of incorporating functional indicators alongside structural metrics in freshwater 

bioassessment frameworks to enhance conservation strategies in island ecosystems.  
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RESUMO 

Esta tese apresenta uma avaliação integrada do funcionamento dos ecossistemas ribeirinhos nos 

Açores, focando-se no efeito das alterações no uso do solo e enriquecimento natural em metais na 

decomposição da matéria orgânica, um processo essencial determinante para a integridade dos 

ecossistemas de água doce. Através de experiências de campo e ensaios em laboratório, este trabalho 

demonstra que os fatores de stress, tanto antrópicos quanto naturais, interagem para alterar o ambiente 

físico e a estrutura das comunidades bióticas dos ribeiros insulares, resultando em alterações nas 

dinâmicas de decomposição. 

Para avaliar o impacto das modificações na vegetação ripária (plantações de criptoméria e 

pastagens) na decomposição da matéria orgânica nos ribeiros, realizou-se uma experiência de campo 

para comparar estes ambientes alterados com ribeiros rodeados por vegetação nativa. Neste estudo 

usou-se madeira de Ochromona pyramidale e folhas de Clethra arborea dentro de sacos de malha 

fina e grossa para diferenciar a decomposição exclusivamente microbiana da realizada conjuntamente 

por microrganismos e macroinvertebrados, respetivamente. As mudanças no uso do solo, 

especialmente a conversão de florestas nativas de Laurissilva em pastagens e plantações de 

criptoméria, influenciaram significativamente a taxa de decomposição. Enquanto a decomposição 

mediada por microrganismos manteve-se semelhante em ribeiros em floresta nativa e plantações 

comerciais, sugerindo uma possível redundância funcional das comunidades decompositoras, os 

ribeiros em áreas de pastagem apresentaram uma decomposição mais acelerada, relacionada com 

temperatura da água e concentração de nutrientes mais elevadas. A contribuição dos detritívoros, 

especialmente da espécie endémica Limnephilus atlanticus, foi específica de cada ribeiro e fortemente 

influenciada pelas características do habitat e altitude. 

O enriquecimento dos ribeiros em metais, resultante de manifestações de vulcanismo, constitui 

uma pressão ambiental de origem natural que influencia o processo de decomposição da matéria 

orgânica. Para avaliar o impacto desse enriquecimento natural em metais sobre a decomposição 

mediada por microrganismos e detritívoros foram realizadas duas experiências em microcosmos. Na 
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primeira experiência avaliou-se a preferência alimentar, taxa de consumo, crescimento e 

sobrevivência do detritívoro endémico Limnephilus atlanticus alimentado com três tipos de folhada, 

Alnus glutinosa, espécie exótica de elevada qualidade (controlo) e Ilex perado e Laurus azorica, duas 

espécies nativas mais recalcitrantes - previamente submersa num ribeiro naturalmente enriquecido 

em metais e num ribeiro com baixa concentração de metais. Numa segunda experiência, focada na 

resposta da decomposição microbiana, folhada de Clethra arborea foi submersa em dois ribeiros com 

concentrações de metais contrastantes (baixa e elevada) e depois encubada em seis tratamentos 

representativos de um gradiente de concentração de metais: 100% (água do ribeiro naturalmente 

enriquecido em metais), 75%, 50%, 25%, 10% e 0% (água do ribeiro de referência). A decomposição 

microbiana foi avaliada através da perda de massa da folhada, e taxa de esporulação, riqueza 

específica e estrutura das comunidades de hifomicetes aquáticos. A deposição de metais sobre a 

superfície foliar reduziu a sua palatabilidade para os detritívoros e alterou a colonização microbiana, 

levando à diminuição da esporulação dos fungos aquáticos e da eficiência do processo de 

decomposição. Esses efeitos foram mais acentuados sob altas concentrações de metais e foram 

influenciados por características intrínsecas dos substratos, como dureza e teor de compostos 

secundários. Evidências de compensação nas taxas de alimentação e respostas do tipo hormese nos 

decompositores demostraram a complexidade das respostas bióticas ao stress por metais. 

Conjuntamente, estes resultados reforçam o valor da decomposição da matéria orgânica como 

um indicador funcional da integridade dos ecossistemas. No entanto, também evidenciam a 

necessidade de interpretações contextualizadas, especialmente em ambientes naturalmente 

enriquecidos em metais. Embora este trabalho contribua para um entendimento mais profundo dos 

processos ecológicos em ilhas oceânicas, são necessários mais estudos in situ para calibrar essas 

ferramentas em cenários ambientais naturais. Finalmente, esta tese ressalta a importância de 

incorporar indicadores funcionais juntamente com medidas estruturais na monitorização dos 

ecossistemas aquáticos insulares a fim de melhorar as estratégias para a sua conservação. 
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Chapter 1 

General introduction. 
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1.1. CONTEMPORARY LAND-USE TRANSFORMATIONS. 

During early 20th century, more than half of the Earth's land had transitioned from wild 

landscapes to areas dominated by human influence (Ellis et al., 2010), a reflection of humanity's need 

to sustain a rapidly growing population that has now exceeded 8 billion people (Alexandratos & De 

Haen, 1995; Bahadur et al., 2018; Aznar-Sánchez et al., 2019). Despite urbanization being possibly 

the most dramatic land use change as it converts green into grey infrastructure, the global coverage 

of urban areas was estimated to be 0.63% of total land area in 2010 (Gong et al., 2012; Liu et al., 

2018). The demand for food, biofuels and other agricultural products has also driven remarkable 

changes in land uses (de Fraiture et al., 2008; Gopalakrishnan et al., 2009; Tubiello et al., 2015). 

Currently, agricultural lands account for more than one-third of the total land area (Food and 

Agriculture Organization (FAO), 2024), of which croplands occupy around 11%, while pastures for 

livestock grazing cover 33% of the total land area (Jose et al., 2017; Motta-Delgado et al., 2019). The 

expansion of agricultural activities has been accompanied by significant forest loss, with an estimated 

10 million hectares of forest being cleared annually between 2015 and 2020 (Food and Agriculture 

Organization (FAO), 2020). In addition to agriculture, commercial forestry plantations, dominated 

by fast-growing conifer species such as pines and spruces, cover more than 140 million hectares, 

representing over 50% of the total area of forest plantations (Food and Agriculture Organization 

(FAO), 2020). Nowadays, these changes in land use are particularly pronounced in tropical regions, 

where large-scale deforestation is often driven by the need for cropland and pastures (Lambin et al., 

2003; Don et al., 2011; Velastegui-Montoya et al., 2022). However, landscape alterations are also 

widespread across temperate and boreal zones due to commercial forestry, infrastructure expansion 

and urbanization (Newbold et al., 2014; Curtis et al., 2018). The intensification of land use has 

profound implications for ecosystems, leading to habitat fragmentation, biodiversity loss, soil 

degradation and the disruption of critical ecosystem services, such as carbon sequestration, water 

filtration and nutrient cycling (Houghton, 1994; Novotny, 1999; Newbold et al., 2015). These global 
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scale shifts highlight the pressing challenge of balancing human needs with environmental 

sustainability. 

1.2. DEGRADATION OF RIPARIAN AREAS: CONSEQUENCES OF LAND-USE 

CHANGES ON FRESHWATER ECOSYSTEMS. 

Riparian areas, which act as transitional zones between terrestrial and aquatic ecosystems, are 

among the ecosystems most affected by widespread changes in land uses (Giller et al., 2004; Clerici 

et al., 2014; Fernandes et al., 2016; Park et al., 2021). These areas provide vital ecosystem services, 

including sediment retention, water filtration, habitat provision and nutrient cycling, while also 

playing a key role in maintaining the ecological integrity of freshwater ecosystems (Richardson & 

Moore, 2010; Ferreira et al., 2023a; Nabout et al., 2023). Moreover, riparian vegetation regulates 

stream microclimates by providing shade that reduces solar radiation and moderates water 

temperatures (Knight & Bottorff, 1984; Johnson & Almlöf, 2016). It also supplies organic matter, 

such as leaves and woody debris, that serves as the primary energy source for heterotrophic aquatic 

food webs (Gregory et al., 1991; Pozo et al., 1997; Wallace et al., 1997). However, land-use changes, 

such as the conversion of forests into agricultural fields, pastures or commercial plantations, often 

result in the removal or degradation of riparian vegetation, with cascading impacts on stream 

ecosystems (Niyogi et al., 2003; Hladyz et al., 2011a; Chauvet et al., 2016). Deforestation, for 

instance, as consequence of land conversion into pastures or agricultural lands, exposes stream 

channels to direct sunlight, increasing water temperatures and stimulating primary production to the 

detriment of heterotrophic processes (Moore et al., 2005; Hladyz et al., 2011c). Agricultural runoff 

contributes excessive nutrients and sediments to water channels, leading to eutrophication, 

sedimentation and reduced water quality (Hessen et al., 1997; Smith et al., 1999; Withers et al., 2014). 

Similarly, the establishment of monoculture tree plantations, such as conifer forests, alters the timing 

and quality of organic matter inputs to streams, with conifer needles providing lower-quality 

resources compared to native broadleaf vegetation (Martínez et al., 2016; Larrañaga et al., 2021). 

Pastures and grazing lands also have significant impacts, as livestock activity often compacts soil, 
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reduces vegetation cover and accelerates erosion, leading to higher sediment loads in streams (Bojsen 

& Jacobsen, 2003; Hladyz et al., 2010). Together, these land-use changes compromise the ability of 

riparian areas to act as effective buffers, undermining their capacity to regulate nutrient inputs, 

provide habitat and maintain biodiversity (Turner & Rabalais, 2003; Riis et al., 2020; Ferreira et al., 

2023b). 

The degradation of riparian zones has profound ecological consequences for freshwater 

ecosystems, as these areas play a central role in regulating the exchange of materials and energy 

between terrestrial and aquatic environments (Naiman & Décamps, 1997; Richardson & Moore, 

2010). The loss of riparian vegetation disrupts organic matter inputs, which are critical for sustaining 

detrital food webs in streams (Ferreira et al., 2016c; Rugenski et al., 2017). In particular, the 

replacement of native forests with pastures or commercial plantations often reduces the diversity, 

quantity and quality of leaf litter entering streams, with significant implications for key ecosystem 

processes such as primary production, nutrient cycling and organic matter decomposition (Casas et 

al., 2013; Martínez et al., 2013). These changes can alter aquatic community composition and reduce 

the overall efficiency of nutrient cycling in streams (Lake et al., 2000; Frainer & McKie, 2015). 

Additionally, land-use changes often cause changes in environmental characteristics, such as 

sedimentation, increased water temperature and nutrient enrichment, all contributing to habitat 

degradation and biodiversity loss (Clapcott & Barmuta, 2010; Studinski et al., 2012; Ferreira et al., 

2016c).  In regions with intensive agricultural practices, nutrient runoff from fertilizers can lead to 

algal blooms and hypoxic conditions, further compromising aquatic habitats (Willis & McDowell, 

1982; Wurtsbaugh et al., 2019; Blanco & Lal, 2023). Moreover, riparian zones are also highly 

susceptible to pollution from heavy metals, pesticides and herbicides, which accumulate in stream 

sediments and disrupt microbial and invertebrate communities responsible for key ecological 

processes (Angier et al., 2002; Quinton & Catt, 2007; Aguiar et al., 2015). The combined effects of 

these stressors highlight the importance of preserving riparian buffers as a fundamental strategy for 

mitigating the impacts of human activities on freshwater ecosystems. 
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1.3. FRAGILITY OF ISLAND FRESHWATER ECOSYSTEMS.  

While most research on the effects of changes in land uses has been focused on continental 

streams, the challenges faced by riparian areas are often amplified on islands due to their unique 

ecological, geographical and climatic characteristics. Islands typically have limited land area, which 

concentrates and intensifies human pressures on natural ecosystems (Keppel et al., 2014; Calado et 

al., 2016; Ferreira et al., 2017). This limited space often results in high levels of habitat fragmentation, 

bringing natural areas into close proximity with urban, agricultural and industrial land uses, increasing 

their vulnerability (Jupiter et al., 2014; McMillen et al., 2014). Island ecosystems are characterized 

by lower species richness, but higher levels of endemism compared to continental regions, making 

them particularly susceptible to habitat degradation and biodiversity loss (Hughes & Malmqvist, 

2005; Raposeiro et al., 2012; Sánchez-Ortiz et al., 2020). The endemic species that inhabit islands are 

often highly specialized and less adaptable to environmental changes, leaving them at greater risk of 

extinction when riparian and freshwater habitats are disturbed (Whittaker & Fernández-Palacios, 

2007; Triantis et al., 2010). Land-use changes, such as deforestation for agriculture, invasion by 

exotic species or the establishment of large areas of commercial tree plantations, can 

disproportionately affect island riparian areas due to their inherent ecological fragility (Lussier et al., 

2008; Ferreira et al., 2017; Rull et al., 2017). These ecosystems are often constrained by steep 

topographies, small watersheds and limited water availability, further amplify the effects of 

deforestation and vegetation loss (Smith et al., 2003; Raposeiro et al., 2011; Calado et al., 2016; Chi 

et al., 2020). The removal of native vegetation destabilizes soil, increasing erosion and sedimentation, 

which not only degrades water quality but also alters the physical structure of stream habitats (Louvat 

et al., 1998; Ferreira et al., 2017). This can lead to the loss of microhabitats that support aquatic 

species, further reducing biodiversity and threating island endemic species (Clapcott & Barmuta, 

2010; Studinski et al., 2012). Additionally, the shallow soils and steep gradients typical of many 

islands may increase the rate and magnitude of runoffs, resulting in flashier hydrological regimes and 

greater vulnerability to extreme weather events that are becoming more frequent due to climate 
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change (Alpert et al., 2002; Toreti et al., 2013). Moreover, the widespread introduction of exotic plant 

species, which is common on islands, can displace native vegetation and further reduce the functional 

capacity of riparian zones to buffer against environmental stressors (Russell et al., 2017; Costa et al., 

2021).  

Freshwater ecosystems on islands may also be particularly sensitive to pollution (including heavy 

metals) from agricultural runoff and urban effluents due to their limited capacity to dilute 

contaminants. This sensitivity becomes greater when watersheds are small or altered, stream channels 

are diminished and soils are undeveloped, reducing their ability to filter pollutants (Mieth & Bork, 

2005; Golabi et al., 2014; Buttermore et al., 2018). As a consequence, the excessive nutrient inputs 

can lead to eutrophication, algal blooms and oxygen depletion among other effects compromising 

aquatic biodiversity and ecosystem services (Hessen et al., 1997; Withers et al., 2014). Additionally, 

increased sedimentation due to deforestation and agricultural activities can bury benthic habitats and 

reduce the availability of suitable refuge and feeding sites for aquatic organisms (Löfgren et al., 2009; 

Valente-Neto et al., 2015; Mathers et al., 2017). Thus, the combined effects of these stressors, 

including the replacement of native vegetation with pastures, urban areas or commercial plantations, 

compromise the resilience of island freshwater ecosystems, creating cascading effects that make them 

highly susceptible to both natural and anthropogenic disturbances (Delgado et al., 2017; Steibl & 

Laforsch, 2019; Fernández-Palacios et al., 2021; Khan et al., 2022).  

 

1.4. ECOSYSTEM BIOASSESSMENT: THE IMPORTANCE OF INTEGRATING 

FUNCTIONAL INDICATORS. 

Traditionally, assessments of stream ecological integrity have relied heavily on structural 

parameters, as exemplified by the Water Framework Directive (WFD, Directive 2000/60/EC), a key 

policy framework for aquatic ecosystems assessment in Europe (Directive Water Framework, 2003; 

Hödl, 2018; Feio et al., 2021). This approach primarily focus on the composition and diversity of key 
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biological groups, including benthic invertebrates, diatoms, macrophytes and fish under the 

assumption that shifts in community structure reflect underlying environmental changes (Directive 

Water Framework, 2003; Resh, 2008; Moog et al., 2018). As a result, a wide range of biotic indices 

based on the taxonomic composition of aquatic organisms have been developed to evaluate ecological 

status, often emphasizing the presence or absence of indicator species that signal environmental 

stressors such as pollution, habitat degradation or hydrological alterations (Metcalfe, 1989; Dolédec 

& Statzner, 2010; Abbasi & Abbasi, 2011; Birk et al., 2012). While structural indicators provide 

valuable insights into species composition and biodiversity, they do not always capture the full 

context of ecosystem functioning (Sandin & Solimini, 2009; Hering et al., 2010; Santos et al., 2021; 

Vadas et al., 2022). Ecosystem integrity is inherently a combination of both structural and functional 

components, as recognized by the WFD, however there is increasing evidence that structure and 

function are not always tightly correlated (Furse et al., 2009; Sandin & Solimini, 2009; Vadas et al., 

2022). For instance, several studies have demonstrated that alterations in riparian vegetation, such as 

deforestation or replacement with monoculture plantations, lead to pronounced effects on stream 

ecosystem processes, including organic matter decomposition and nutrient cycling, without 

necessarily inducing significant changes in benthic community structure (Nyberg & Eriksson, 2001; 

Fuchs et al., 2003; Haggerty et al., 2004; Goodman et al., 2006; McKie & Malmqvist, 2009; Riipinen 

et al., 2009). This discrepancy highlights a fundamental limitation of assessments based on structural 

indicators, as streams may experience substantial functional impairments even when taxonomic 

indices indicate minimal ecological disturbance.  

Recognizing these limitations, several studies have emphasized the need to incorporate functional 

indicators into freshwater bioassessment (Lecerf & Richardson, 2010; Ferreira et al., 2020; Vadas et 

al., 2022). Ecosystem functioning is closely tied to ecosystem services such as nutrient retention, 

organic matter processing and water purification, which are critical for supporting human well-being 

(Wilson & Carpenter, 1999; Feld et al., 2010; Harrison et al., 2014; Ferreira et al., 2023a). Thus, 

functional parameters, including organic matter decomposition rates, nutrient cycling and metabolic 
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processes, provide valuable insights into how ecosystems respond to environmental stressors and may 

serve as early-warning indicators of ecological degradation (Xu et al., 2001; Gessner & Chauvet, 

2002; Young et al., 2008; Young & Collier, 2009; Kandziora et al., 2013; Von Schiller et al., 2018). 

More recently, some systematic reviews of freshwater monitoring programs analysed multiple 

bioassessment frameworks, revealing that although structural indicators remain dominant, there is a 

growing trend toward incorporating such functional measures (Ferreira et al., 2020; Harrison et al., 

2021; Cheung & Burrows, 2024). This trend reflects the recognition that a comprehensive evaluation 

of ecological integrity must account for both biodiversity patterns and the underlying processes that 

sustain freshwater ecosystems. 

 

1.5. ORGANIC MATTER DECOMPOSITION AS A BIOASSESSMENT TOOL OF STREAM 

FUNCTIONAL INTEGRITY. 

One widely used functional indicator is organic matter decomposition, which offers a direct 

measure of ecosystem functioning providing insights into stream health and resilience (Elosegi et al., 

2006; Young & Collier, 2009; Chauvet et al., 2016; Benfield et al., 2017; Ferreira et al., 2020). 

Organic matter decomposition is shaped by complex interactions among biotic and abiotic factors, 

with both anthropogenic and natural stressors altering decomposition rates by enhancing or inhibiting 

microbial and invertebrate activity (Gessner & Chauvet, 2002; Young et al., 2008). It is widely known 

that land-use changes and riparian vegetation loss have profound effects on organic matter 

decomposition dynamics (Allan, 2004; McKie & Malmqvist, 2009; Ferreira et al., 2016c; Silva-

Junior, 2016). The removal of native vegetation for agriculture, urbanization or commercial forestry 

plantations modifies the quantity and quality of organic matter entering streams (Hladyz et al., 2011c; 

Martínez et al., 2016; Larrañaga et al., 2021). For instance, in land conversion for commercial forestry 

uses, normally deciduous leaf litter from native forest, which decomposes relatively quickly due to 

its high nutrient concentration and lower structural complexity, is often replaced by tough and 

nutrient-poor coniferous litter (Casas et al., 2013; Martínez et al., 2013; Ferreira et al., 2017). This 
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shift in the amount and quality of litter can slow decomposition by reducing food for microbial 

decomposers and invertebrate shredders (Martínez et al., 2013; Sakai et al., 2013). However, studies 

have shown that increased solar radiation in deforested streams, such as those in pastures, can enhance 

invertebrate communities by boosting their richness and density under higher solar exposure (Quinn 

et al., 1997), thereby accelerating organic decomposition rates. Moreover, higher solar exposure can 

elevate water temperature, stimulating microbial activity and primary production (Young & Huryn, 

1996; Quinn et al., 1997; Neill et al., 2001), further altering the organic matter decomposition process 

(Niyogi et al., 2003; Hladyz et al., 2011c). 

Nutrient enrichment due to eutrophication is another major driver of changes in organic matter 

decomposition (Gulis et al., 2006; Woodward et al., 2012; Ferreira et al., 2015; Pereira et al., 2016). 

The introduction of excessive nitrogen and phosphorus from agricultural runoff, wastewater 

discharges or urbanization can accelerate microbial decomposition, as aquatic fungi and bacteria 

benefit from higher nutrient availability (Gulis & Suberkropp, 2003; Ferreira et al., 2006; Gulis et al., 

2006). Moreover, invertebrate activity may amplify the stimulatory effects of nutrient enrichment on 

microbial activity, making overall litter decomposition more responsive to nutrient inputs than 

decomposition driven solely by microbes (Pascoal et al., 2003; Gulis et al., 2006; Woodward et al., 

2012; Tant et al., 2015). However, prolonged nutrient enrichment can lead to shifts in microbial and 

invertebrate decomposers favouring fast growing opportunistic species that are tolerant to these 

nutrient enrichment condition, further impacting on nutrient cycling efficiency (Pascoal & Cássio, 

2004; Young et al., 2008).  

Heavy metal contamination and pesticide exposure also impair organic matter decomposition 

(Neumann et al., 2002; Quinton & Catt, 2007; Batty & Hallberg, 2010; Aguiar et al., 2015). Streams 

affected by mining runoff, volcanic activity or industrial pollution often have elevated concentrations 

of iron, copper, zinc and aluminium, which are toxic to decomposer communities (Gonçalves et al., 

2011; Ferreira et al., 2016b; Balibrea et al., 2023). Heavy metals can inhibit fungal sporulation and 

microbial respiration, leading to significantly reduced decomposition rates (Sridhar & Bärlocher, 
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2011; Hogsden & Harding, 2012; Funck et al., 2013a). Moreover, metal precipitates coating substrate 

surfaces may constrain invertebrate feeding activity (Duarte et al., 2008; Roussel et al., 2008; Batista 

et al., 2012; Campos et al., 2014). Similarly, pesticides and herbicides introduced through agricultural 

runoff negatively affect both microbial decomposers and shredding invertebrates, slowing organic 

matter breakdown and reducing the efficiency of nutrient recycling (Lecerf et al., 2006; Rasmussen 

et al., 2012). 

Hydrological alterations, such as flow regulation, dam construction and sedimentation, further 

disrupt organic matter decomposition (Lehner et al., 2006; Sabater & Tockner, 2010; Dos Santos 

Fonseca et al., 2013; Ferreira et al., 2020). Changes in streamflow patterns affect the transport, 

retention and breakdown of organic matter, influencing microbial colonization and invertebrate 

feeding activities (Flores et al., 2013; Singh et al., 2014; Li et al., 2020). Reduced flow conditions 

may lead to organic matter accumulation, altering oxygen availability and shifting microbial and 

invertebrate community composition (Inoue et al., 2012; Flores et al., 2013; Li et al., 2020). 

Conversely, highly variable flow regimes or sediment deposition from deforestation and agriculture 

can bury organic matter, making it physically inaccessible to decomposers translating into slower 

decomposition rates (Wantzen et al., 2005, 2008; Rueda-Delgado et al., 2006). 

Climate change may also have severe influences in decomposition dynamics, where rising 

temperatures directly affect microbial metabolism and often accelerate decomposition rates (Dang et 

al., 2009; Nickus et al., 2010; Gonçalves et al., 2013; Griffiths & Tiegs, 2016; Xenopoulos et al., 

2021). However, higher water temperatures may also reduce oxygen levels, potentially impairing 

invertebrate activity and microbial efficiency (Carpenter et al., 2011; Follstad Shah et al., 2017; Galic 

et al., 2019). Additionally, extreme climate events, such as droughts and floods, alter hydrological 

conditions and disrupt decomposer communities, leading to unpredictable shifts in decomposition 

rates (Carpenter et al., 1992; Bello et al., 2017; Zittis et al., 2022). 

Despite its sensitivity to environmental changes, the use of organic matter decomposition in 

freshwater bioassessment has both strengths and limitations. One of its greatest advantages is that it 
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is highly integrative, capturing the cumulative effects of multiple stressors on stream function 

(Gessner & Chauvet, 2002; Young et al., 2008; Truchy et al., 2022). It is also directly linked to key 

ecosystem services, such as nutrient retention, carbon processing and water purification, making it a 

scientifically relevant and ecologically meaningful measure of ecosystem health (Feld et al., 2010; 

Holland et al., 2011; Ferreira et al., 2020, 2023a). Furthermore, decomposition experiments using leaf 

litter bags are low cost effective, relatively simple to implement and applicable across diverse 

environments and geographic regions, allowing for broad comparability across different freshwater 

systems (Lecerf & Richardson, 2010; Chauvet et al., 2016; Zhang et al., 2019; Ferreira et al., 2020). 

However, there are challenges to its widespread application in bioassessment programs. One of the 

primary limitations is its high variability due to abiotic influences, including natural fluctuations in 

temperature, hydrology and organic matter quality, which can make it difficult to distinguish 

anthropogenic impacts from natural environmental variability (Langhans et al., 2008; Martínez et al., 

2016; Bastias et al., 2020). Additionally, the lack of standardized methodologies for measuring 

decomposition constitutes challenges the comparison across studies, as variations in leaf species, 

mesh size and exposure time can lead to inconsistent results (Young et al., 2008; Ferreira et al., 2021). 

Another potential weakness is that faster decomposition rates do not always indicate improved 

ecological conditions; for instance, increased microbial activity in polluted waters may reflect 

opportunistic microbial dominance rather than a healthy ecosystem (Gulis & Suberkropp, 2003). 

Finally, while decomposition effectively detects nutrient enrichment, contamination and hydrological 

changes, it may be less responsive to stressors affecting higher trophic levels, such as invasive species 

or overfishing (Hladyz et al., 2011b). Despite these limitations, organic matter decomposition remains 

a powerful tool for assessing freshwater ecosystem health, particularly when integrated with 

complementary structural and functional indicators. Expanding its application in bioassessment 

frameworks will improve our understanding of ecosystem responses to environmental stressors, 

ultimately supporting more effective conservation and management strategies.  
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1.6. AZORES ARQUIPELAGO AS A CASE STUDY OF OCEANIC ISLANDS.   

The Azores archipelago, an autonomous region of Portugal, comprises nine volcanic islands and 

several islets (Morton & de Frias Martins, 2019). The Azores are situated in the Macaronesia 

subregion along with Madeira, the Canaries and Cape Verde (Vanderpoorten et al., 2007; Fernández-

Palacios, 2010). Azores islands represent the most remote archipelago in the North Atlantic, located 

approximately 1300 km from mainland Europe and 1900 km from the American continent (Santos et 

al., 2004). The region is characterised by oceanic temperate climate with mean annual temperatures 

ranging from 14°C to 18°C and precipitation levels between 740 mm and 2400 mm (Bettencourt, 

1979; Climate Atlas, 2012). 

In the Azores archipelago, freshwater ecosystems are abundant, comprising 736 stream basins 

(DROTRH-INAG, 2001; Cruz & Soares, 2018). Lotic systems are characterized by small, short and 

steep watersheds with short streams with maximum length of 29 km (Smith et al., 2003; Hughes & 

Malmqvist, 2005; Raposeiro et al., 2013). Permanent streams exist only in Santa Maria, São Miguel, 

São Jorge, Faial and Flores islands where they are fed by lakes or spring waters (DROTRH-INAG, 

2001). Additionally, the Azores feature over 88 lentic systems (Porteiro, 2000), including crater lakes 

and maars (Azevedo, 1998; Nunes, 1999), occupying 0.4% of the regional territory, mainly on São 

Miguel, Terceira, Pico, Flores, and Corvo islands (Porteiro, 2000). As a typical island biota, the 

freshwater fauna of the Azores is depauperated in comparison to continental systems, resulting in 

biotic assemblages that have low diversity and high percentage of endemism (11%) (Raposeiro et al., 

2012; Balibrea et al., 2020b). Furthermore, some taxonomical groups common in continental 

freshwaters, such as Plecoptera, are absent in Azorean streams. The isolation, recent age of the 

islands, numerous geological events and volcanic eruptions have acted as biogeographical filters 

(Borges & Brown, 1999; Hughes, 2005; Raposeiro et al., 2009) limiting the range of freshwater 

organisms able to colonize island streams (Malmqvist, 2002; Hughes & Malmqvist, 2005). The 

Azorean freshwater fauna is dominated by insects, in particular the Diptera order (Borges et al., 2010), 

where Chironomidae is the most diverse family (Raposeiro et al., 2009). Diptera has the highest 
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number of endemic taxa, representing 6.69% of the total species richness in this order (Raposeiro et 

al., 2012). Other taxonomical groups such Trichoptera and Coleoptera also have relatively high 

degree of endemism (Gonçalves et al., 2008; Raposeiro & Costa, 2009). However, some orders of 

aquatic insects are represented by a single species, such as the Ephemeroptera represented by Cloeon 

dipterum (Linnaeus, 1761), and other orders are even absent in the region such as the Plecoptera 

(Raposeiro et al., 2009). 

Despite the importance of the Azores colonization by the Portuguese in the 15th century, human 

activities have historically constituted significant threats in the Azorean archipelago. Since the 

establishment of the first human settlements (official Portuguese settlement in 1432 CE), pressure on 

the ecosystems has increased exponentially, mainly associated with landscape disturbance due to 

changes in land uses (Triantis et al., 2010; Connor et al., 2012; Rull et al., 2017; Raposeiro et al., 

2021). Deforestation began in coastal river basins for village establishment, extending to higher 

elevations by the 20th century due to agricultural expansion and infrastructure development (Silva & 

Smith, 2004; Raposeiro et al., 2011). Current pressures include intensive agriculture, agrochemical 

use, roads and urban construction, livestock effluent discharge and the expansion of commercial wood 

plantations as an important economic activity (Constância, 1963; Calado et al., 2015; Castanho et al., 

2021) which degrade water quality and streams integrity (Raposeiro et al., 2014a; Ferreira et al., 

2017). 

In 2003, the Regional Government of the Azores adopted the European Water Framework 

Directive (WFD, Directive 2000/60/EC), establishing continuous bioassessment programs that 

evaluate water quality and ecological integrity (Directive Water Framework, 2003; Cruz et al., 2012). 

This monitoring plan uses physicochemical parameters (such as pH, temperature, dissolved oxygen, 

nutrient and contaminant concentrations) and structural indicators such macroinvertebrate, 

phytoplankton, macrophytes and diatom communities (DROTRH-INAG, 2001; Cruz et al., 2017). 

Despite functional indicators are still not being used as a tool for bioassessment in the archipelago, 

studies over the last decade have focused on functional processes in Azorean streams. Those studies 
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(Raposeiro et al., 2014b; Ferreira et al., 2016d; Balibrea et al., 2017; Ferreira et al., 2017; Raposeiro 

et al., 2018; Balibrea et al., 2020a, 2023), have focused on organic matter decomposition and the role 

of decomposer communities, offering an initial step towards further exploration of functional 

indicators in ecosystems quality monitoring. Thus, these studies provide a valuable starting point for 

future research that could lead to a clearer and more comprehensive application of functional 

indicators in freshwater bioassessment in the Azores. 

However, the volcanic nature of the Azores adds complexity to stream bioassessment due to the 

presence of streams naturally enriched with metals derived from effluents and springs linked to active 

volcanism (Cruz, 2003; Quintela et al., 2013) and runoffs from lava flow aquifers discharges (Freire 

et al., 2013; Cabral Pinto & Ferreira da Silva, 2019). High concentrations of metals such as iron, 

aluminium, manganese, copper and zinc often coat stream habitats with metal hydroxide and metal 

oxide precipitates. Moreover, these conditions are often accompanied by low pH and elevated 

temperatures (Terroso et al., 2006; Gonçalves et al., 2016; Balibrea et al., 2023). It is well known that 

elevated metal levels may diminish species richness and disrupt essential ecosystem processes such 

as organic matter decomposition (Hogsden & Harding, 2012; Peters et al., 2013; Ferreira et al., 

2016b). Decomposition is particularly sensitive to metal toxicity, affecting microbial decomposers 

and macroinvertebrate shredders, which impair energy flow in stream food webs (Maltby et al., 1995; 

Carlisle & Clements, 2005). Elevated metal concentrations in stream water may contaminate leaf 

litter, leading to reduced consumption, slower growth rates and increased mortality in shredders (Abel 

& Barlocher, 1988; Gonçalves et al., 2011; Batista et al., 2012; Campos et al., 2014; Ferreira et al., 

2016b). The adsorption of metals onto leaf litter surfaces can also inhibit microbial colonization, 

thereby limiting microbial conditioning (Roussel et al. 2008; Duarte et al. 2008; Sridhar & Bärlocher 

2011; Funck et al. 2013) and reducing palatability, further restricting shredder feeding (Schlief & 

Mutz 2006; Gonçalves et al. 2011; Batista et al. 2012; Niyogi et al. 2013; Funck et al. 2013). 

Moreover, metal contamination can inhibit growth, reproduction and diversity of aquatic 

hyphomycetes (Sridhar & Bärlocher, 2011; Batista et al., 2012; Ferreira et al., 2016b). Additionally, 
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metals can negatively affect microbial activity indirectly by disrupting enzymatic pathways essential 

for decomposition, interfering with enzymatic activity by inducing oxidative stress and disrupting 

cell membranes (Sridhar et al., 2001; Krauss et al., 2005; Azevedo et al., 2007; Duarte et al., 2008). 

Consequently, assessing biological communities and functional processes in metal-enriched streams, 

particularly those influenced by active volcanism, is crucial for establishing accurate reference 

conditions. 

 

1.7. AIMS, HYPHOTESES AND THESIS STRUCTURE.   

Given the unique environmental challenges presented by the volcanic nature of the Azores and 

the increasing anthropogenic pressures, the main aim of this thesis is to assess the potential for organic 

matter decomposition to be used as a functional indicator of stream ecosystem health in the Azores 

archipelago. The thesis aims to shed some light on Azorean stream functioning under various 

common land use changes. 

The main hypothesis of this thesis is that organic matter decomposition process will be sensitive 

to both natural and human disturbances, including land-use changes and natural metal enrichment 

from volcanic activity, making it a valuable tool for bioassessment. The thesis contains three main 

chapters, each addressing specific objectives, with a final chapter dedicated to a general discussion 

and final conclusions:  

• Organic matter decomposition as an indicator of island stream functioning under 

riparian forest modification (Chapter 2) that evaluates the effects of riparian forest 

modifications (pastures and commercial plantations) on stream ecosystem functioning, 

particularly focusing on organic matter decomposition mediated by both microbial 

communities and macroinvertebrate shredders. 

• Effects of leaf litter naturally enriched with metals on invertebrate decomposers 

(Chapter 3) that assesses the impact of natural metal enrichment on macroinvertebrate 
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decomposers, particularly endemic shredders, assessing how metal-enriched leaf litter 

influences their feeding rates, growth and survival. 

• Effects of leaf litter naturally enriched with metals on microbial decomposers activity 

and community structure (Chapter 4) that examines the effects of natural metal enrichment 

on microbial decomposers, exploring changes in microbial activity, aquatic hyphomycetes 

reproductive output and community structure under varying metal concentrations in stream 

water. 

• General discussion and conclusions (Chapter 5) presents a general discussion synthesizing 

the findings from previous chapters and highlights the key insights gained from the thesis. It 

also presents the conclusions of the work, emphasizing the importance of functional indicators 

for improving bioassessment and conserving stream ecosystems in the Azores. 
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Chapter 2 

Organic matter decomposition as an 

indicator of island stream functioning 

under riparian forest modification.  
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2.1 ABSTRACT 

Changes in land uses in Azorean islands are characterised especially by native forest 

clearance, establishment of commercial plantations with exotic species and intensification of 

agricultural and livestock activity. The replacement and removal of native vegetation may have strong 

effects on streams communities and processes. Aquatic decomposers and organic matter 

decomposition may be particularly sensitive to land uses changes due to their dependence on 

terrestrial litter supply. Here we assessed organic matter decomposition in streams under riparian 

forest modifications (cryptomeria plantations and pastures) in comparison with non-impacted streams 

(native laurel vegetation). Ochroma pyramidale wood and Clethra arborea leaves were used as 

substrates enclosed in fine and coarse mesh bags to assess microbial-driven organic matter 

decomposition and decomposition carried out by both microbes and macroinvertebrates, respectively. 

We found that organic matter decomposition was faster in streams surrounded by pastures, while 

streams flowing through native riparian vegetation and cryptomeria plantations showed similar 

organic matter decomposition. Decomposition was higher in coarse mesh bags compared to fine mesh 

bags in streams adjacent to cryptomeria plantations due to increased shredder abundance. Moreover, 

leaves decomposed faster than wood because their more labile characteristics. Despite sporulation 

rate of aquatic hyphomycetes showed to be higher in pastures streams, no significant differences were 

found between stream types. Reduced riparian vegetation was translated into lower of aquatic 

hyphomycetes richness in pastures streams, however, this effect did not influence benthic invertebrate 

richness and abundance among stream types. These findings highlight the complex interactions 

between land use transformation and organic matter decomposition processes, emphasizing the 

importance of riparian management for maintaining ecosystem functioning. 
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2.2 INTRODUCTION 

Riparian areas serve as crucial interfaces between terrestrial and aquatic ecosystems, playing 

a pivotal role in the exchange of energy and materials between these ecosystems (Richardson & 

Moore, 2010). Riparian areas are not only vital for maintaining ecological connectivity between 

terrestrial and aquatic ecosystems but also provide essential ecosystem services, including water 

supply, biodiversity conservation and places for recreation (Ferreira et al., 2023a). The riparian 

vegetation also contributes to shape the physical, chemical and biological characteristics of streams 

(Tolkkinen et al., 2020). In forested streams, the riparian vegetation acts as a natural filter, reducing 

solar radiation input and supplying organic matter that constitutes the primary source of energy and 

carbon for aquatic food webs (Wallace et al., 1997). Heterotrophic microbes, particularly aquatic 

hyphomycetes, and macroinvertebrate shredders are the main decomposers of allochthonous organic 

matter, incorporating litter carbon and nutrients into secondary production in streams (Cummins et 

al., 1973; Hieber & Gessner, 2002; Cornut et al., 2010). The rate at which organic matter is 

incorporated into aquatic food webs greatly depends on its characteristics, with organic matter that 

has low carbon-to-nutrient ratios being decomposed faster than more recalcitrant organic matter 

(Ostrofsky, 1997; Jabiol et al., 2019; Ramos et al., 2021). The strong dependence of streams on their 

riparian vegetation makes them highly vulnerable to changes in land use (Allan, 2004; Silva-Junior, 

2016; Hladyz et al., 2011). 

Changing land use into forest plantations is a widespread forestry practice, with conifer 

plantations for commercial purposes occupying about 52% of the total forest plantation area 

worldwide (FAO, 2005). The replacement of deciduous native vegetation by evergreen conifer 

plantations changes the timing and quantity of organic matter inputs to streams (Inoue et al., 2012; 

Sakai et al., 2013; Martínez et al., 2016; Larrañaga et al., 2021). Also, conifer needles, characterized 

by their tough structure, low nitrogen concentration and high concentrations of lignin and 

polyphenols, are generally of poorer quality compared to deciduous leaf litter (Casas et al., 2013; 

Martínez et al., 2013). Changes in the timing, quantity and quality of organic matter inputs to streams 

flowing through conifer plantations may alter the community structure and activity of microbial 
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decomposers and invertebrate shredders (Sedell et al., 1975; Bärlocher & Oertli, 1978; Girisha et al., 

2003; Hisabae et al., 2011; Sakai et al., 2013). These changes may potentially impact organic matter 

decomposition in streams, but the few available studies show contrasting results (Ferreira et al., 2017; 

Hisabae et al., 2011; Martínez et al., 2013; Riipinen et al., 2009; Whiles & Wallace, 1997). Some 

studies found faster organic matter decomposition in streams flowing through pine and mixed spruce 

and larch plantations than through native broadleaf forests, due to greater shredder abundance able to 

exploit conifer needle inputs (Whiles & Wallace, 1997; Riipinen et al., 2009). On the contrary, other 

studies found slower organic matter decomposition in streams flowing through cryptomeria and pine 

plantations than through native broadleaf deciduous forests, due to reduced shredder densities 

constrained by low-quality food resources (Hisabae et al., 2011; Martínez et al., 2013). A few studies 

also found no major differences in organic matter decomposition between streams flowing through 

different conifer plantations and broadleaf deciduous forests, despite differences in macroinvertebrate 

shredders and aquatic hyphomycete communities between stream types, suggesting that structure and 

function are not always closely linked (Ferreira et al., 2017; Riipinen et al., 2010). The heterogeneity 

in conifer plantation effects on aquatic decomposers and organic matter decomposition may be due 

to numerous factors, such as the identity of the conifer species, type of native forest, identity and type 

of decomposing organic matter, abundance and diversity of decomposer community, and abiotic 

factors. 

Forest conversion into pasture for livestock grazing represents another significant land use 

change affecting riparian habitats (Hladyz et al., 2011), covering about 33 % of the global land area 

(Jose et al., 2017; Motta-Delgado et al., 2019). This land use change often results in clear-cutting and 

deforestation of the riparian area, which in turn produces strong changes in the physical habitat and 

water chemistry (Akselsson et al., 2007; McKie & Malmqvist, 2009). For instance, sedimentation 

may increase due to soil erosion and concentrations of dissolved organic carbon, nitrate and phosphate 

may increase with runoff from fertilized fields (Löfgren et al., 2009). Consequently, microbial activity 

is promoted while the abundance and diversity of invertebrate consumers with low nutrient tolerance 

are constrained (Bojsen & Jacobsen, 2003; Lorion & Kennedy, 2009; Davies et al., 2010). Also, 
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reduced vegetation cover increases solar radiation and water temperature which may stimulate 

primary production (Young & Huryn, 1996; Quinn et al., 1997; Neill et al., 2001) and organic matter 

decomposition due to the stimulation of microbial activity (Niyogi et al., 2003; Hladyz et al., 2010). 

However, a decrease in organic matter inputs to streams may reduce the habitat heterogeneity and 

limit food availability to aquatic organisms (Clapcott & Barmuta, 2010; Studinski et al., 2012; Wild 

et al., 2019). In pasture streams, grass species may constitute the main terrestrial organic matter inputs 

to streams (Menninger & Palmer, 2007; Leberfinger & Bohman, 2010; Hladyz et al., 2011c), but 

inputs are generally limited and the diversity and activity of the decomposer community are reduced 

(Niyogi et al., 2003; Hladyz et al., 2010; Dangles et al., 2011). Few studies done on pasture streams 

showed that grass inputs were mainly decomposed by microbes rather than invertebrate consumers 

due to the scarcity or absence of shredders (Young et al., 1994; Niyogi et al., 2003; Menninger & 

Palmer, 2007). Moreover, other studies found that organic matter decomposition mediated by 

microbes was faster in streams flowing through pastures than through native forests, while the 

opposite pattern occurred for decomposition mediated by invertebrates (Bird & Kaushik, 1992; 

Danger & Robson, 2004; Encalada et al., 2010; Hladyz et al., 2010). 

Most studies addressing the effects of riparian forest changes on streams have predominantly 

focused on continental streams, with limited attention being given to island streams. However, 

evidence for continental streams may not be generalizable to island streams, because these generally 

have naturally lower diversity and high species endemicity (Hughes, 2005; Malmqvist et al., 1995; 

Raposeiro et al., 2011). Also, island streams are highly susceptible to human pressure due to space 

and resources limitation (Calado et al., 2016; Chi et al., 2020; Ferreira et al., 2017; Keppel et al., 

2014; Raposeiro et al., 2013). The Azores archipelago exemplifies this scenario, where human 

settlement has increased pressure on natural ecosystems through land use changes (Triantis et al., 

2010; Connor et al., 2012; Rull et al., 2017; Raposeiro et al., 2021). Land uses in the Azores 

archipelago are strongly linked to the elevational gradient, being shaped by topography and climatic 

characteristics (Quaternaire-Portugal, 2008). In some islands, streams are surrounded by small 

patches of native laurel forest, which are minimally impacted by human activities. More frequently, 
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however, the landscape at lower elevations is shaped by urban and agricultural areas and streams 

often drain areas of pasture with riparian vegetation partially or totally removed (Raposeiro et al., 

2011; Silva & Smith, 2004), while streams at medium and high elevations are more frequently 

surrounded by commercial tree plantations, mainly conifers (e.g. Cryptomeria japonica (L.f.) 

D.Don), or by forests dominated by exotic species (Borges et al., 2009; DRRF, 2014; Gonçalves et 

al., 2015; Raposeiro et al., 2011). 

In this study, we assessed the effects of riparian forest modifications on the communities and 

functioning of Azorean streams by comparing streams flowing through cryptomeria plantations and 

pastures with non-impacted streams (with native laurel vegetation). We focused on benthic 

macroinvertebrates, and macroinvertebrates and aquatic hyphomycetes associated with decomposing 

leaf substrate. Organic matter decomposition was used as a surrogate of stream functioning, for which 

wood and leaves were enclosed in coarse- and fine-mesh bags to allow or prevent access by 

macroinvertebrates, respectively. We hypothesize that organic matter decomposition would respond 

in different ways when comparing altered streams with native streams depending on substrate quality, 

abiotic factors (temperature and nutrient concentration) and consumer abundance and diversity in 

streams. Thus, (1) we expected faster organic matter decomposition in pasture than in native streams 

due to higher water temperature and nutrient concentrations in the former streams, and no differences 

in decomposition between cryptomeria and native streams (following similar results of previous 

studies in the archipelago; Ferreira et al. 2017). Moreover, (2) in altered streams, organic matter 

decomposition would be faster in pasture streams than in cryptomeria streams due to higher 

temperature and nutrient concentration in the former streams. We also hypothesize that (3) differences 

in organic matter decomposition among stream types would be higher for leaves than wood due to 

their higher susceptibility to macroinvertebrate activities and that (4) these differences would be 

higher in coarse- than in fine-mesh bags due to shredder access. Regarding aquatic communities, we 

hypothesize that (5) fungal activity would be higher in stream types with higher temperature and 

nutrient concentrations (pasture streams) and that (6) taxa richness of benthic macroinvertebrates and 

macroinvertebrates and aquatic hyphomycetes associated with leaf litter would be lower in stream 
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types with reduced riparian vegetation diversity (pasture < conifer streams) than in streams with 

higher vegetation diversity (native streams). 

 

2.3 MATERIALS AND METHODS 

Study Region 

This study was conducted on São Miguel, the largest island in the Azores archipelago. The 

archipelago, comprising nine islands with a total land area of 2325 km2, is located in the North 

Atlantic Ocean at the junction of the Eurasian, African, and North American plates, approximately 

1500 km from mainland Portugal (Santos et al., 2004). The climate is temperate oceanic, 

characterized by mean annual temperatures ranging from 14 to 18 ºC (Machado & Gonçalves, 2004) 

and total annual precipitation between 1500 and 3000 mm (Silva & Smith, 2004), varying with 

elevation. 

The landscape, already significantly altered by the beginning of the 19th century due to forest 

resource exploitation and clearance for agriculture and urbanization, is now characterized by diverse 

land uses, including extensive livestock activities, commercial tree plantations, agriculture, 

urbanization, and exotic and native forests (Constância, 1963; Castanho et al., 2021). Livestock 

activities are one of the most relevant economic activities in the Azores, with cattle fields and pastures 

covering around 42% of the land area (Calado et al., 2015). Intensively managed pastures are covered 

mainly by Trifolium repens L., Lolium perenne L. and Lolium multiflorum Lam., while semi-natural 

pastures are covered mainly by Holcus lanatus L. (Melo et al., 2022).  

Furthermore, Cryptomeria japonica D. Don. (cryptomeria), a conifer tree native to Japan and 

southern China, was introduced in the archipelago as an ornamental tree in the mid-19th century and 

progressively became an important commercial tree species (Albergaria, 2000; Dias et al., 2007). 

Currently, cryptomeria covers 26% of the forest area, which represents ca. 22% of the land area and 

60% of the forest plantation area in the Azores (SRAM/DROTRH, 2007; DRRF, 2014). Plantations 

occasionally include exotic invasive species such as Pittosporum undulatum Vent., Hedychium 

gardneranum Sheppard ex Ker Gawl. and Clethra arborea Aiton. 
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The native forest in the Azores is commonly known as Laurissilva, due to the presence of 

laurel species (Lauraceae family), and it is characterized by an association of native evergreen tree 

and shrub species (Triantis et al., 2010), such as Juniperus brevifolia (Seub.) Antoine, Laurus azorica 

(Seub.) Franco, Ilex azorica Loes., Frangula azorica Grubov, Erica azorica Hochst. ex Seub, 

Myrsine retusa Aiton, Vaccinium cylindraceum J. E. Sm., Calluna vulgaris (L.) Hull. and Culcita 

macrocarpa C. Presl. Nowadays, native forest cover is strongly reduced, and it is mainly restricted to 

high elevations (>800 m a.s.l) and represents less than 10% of the overall surface area of the 

archipelago (Borges et al., 2010; DRRF, 2014; Gaspar et al., 2008). 

 

Stream Selection 

Nine permanent streams were selected based on comprehensive hydrographic basin surveys 

in São Miguel Island. Streams were categorized into three types according to their riparian vegetation: 

native (n=3), cryptomeria (n=3), and pasture (n=3) (Table 2.1 and Figure 2.8). Native streams, 

flowing through riparian forests of native species with little direct human influence, were used as 

reference sites. In contrast, cryptomeria and pasture streams, representing impacted sites, were 

characterized by the replacement of native riparian forest with cryptomeria plantations and pasture 

for livestock, respectively (Table 2.1 and Figure 2.8). 

Land use cover at each study stream site was determined for a 300-m radius area upstream of 

the sampling site. The land uses were categorized into five categories: native vegetation, cryptomeria 

plantations, exotic vegetation, pastures, and artificial land uses (urbanization and roads) (Table 2.1 

and Figure 2.9). Images were acquired from Google Earth (accessed in May 2022) and colored 

polygons were used to calculate the percentage of each land use in relation to the total area (excluding 

adjacent basins areas within the 300-m radius area) (Figure 2.9). 

 

Water Variables 

Water temperature was recorded every 4 hours for the duration of the experiment (from 9th 

May to 12th July 2022) using submerged data loggers (Hobo Pendant MX, Onset Computer Corp., 
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MA, USA). Concurrently, a suite of additional water parameters, encompassing pH, electrical 

conductivity and total dissolved solids, were measured on five occasions using a multiparametric field 

probe (Horiba model U-52G, Horiba Instruments, UK). Water samples were also collected at the 

same time, transported to the laboratory, filtered using fiber glass filters (47-mm diameter, 1.2-μm 

pore size; Whatman GF/C, GE Healthcare Europe GmbH, Little Chalfont, UK), and frozen until 

analysis. Nutrient concentrations were determined using a Continuous Flow Analyser Skalar San++ 

(Skalar Analytical B.V., Breda, The Netherlands) with segmented flow analysis (SFA) according to 

Skalar methods M461-318 (EPA 353.2) for total nitrogen and nitrate, M155-008R (EPA 350.1) for 

ammonium and M503-555R (Standard Method 450-P I) for phosphate (Skalar, 2004). Water analyses 

were done at MARINNOVA—Marine and Environmental Innovation, Technology and Services, 

Oporto. 

 

Litter Species 

Two substrates were selected for this study, C. arborea (clethra) leaves and Ochroma 

pyramidale (Cav. Ex Lam.) Urb. (balsa) commercial wood. Clethra leaves were collected directly 

from trees, in Autumn 2021, in Planalto dos Graminhais (37°48'52.34'' N, 25°14'16.44'' W; 740 m 

a.s.l), transported to the laboratory, air-dried at ambient conditions and stored in the dark until used. 

This species is an exotic broadleaf perennial tree commonly present in the riparian vegetation of 

Azorean streams. Previous studies in the region have shown that clethra leaf litter decomposition can 

capture differences in the abundance of invertebrate shredders between streams (Balibrea et al., 2020; 

Raposeiro et al., 2018). Commercial wood substrates offer practical advantages due to their easy 

acquisition and high standardization in terms of chemical composition. In addition, wood 

decomposition is highly sensitive to differences in dissolved nutrient concentrations among 

incubation sites (Ferreira et al., 2006)(Figure 2.1).  
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Experimental Setup 

Air-dried clethra leaves were weighed in 3.0–3.5 g (0.1 mg precision) batches, sprayed with 

distilled water for softening and enclosed in fine-mesh bags (0.5-mm mesh size) and coarse-mesh 

bags (5-mm mesh size with 10-mm holes). Fine-mesh bags were used to assess microbial-driven 

decomposition and coarse-mesh bags allow estimation of decomposition carried out by both microbes 

and macroinvertebrates. Individual balsa wood veneers (10  8 cm, 1-mm thick) were weighed (0.1 

mg precision) and enclosed in fine-mesh bags (0.5-mm mesh size) (Figure 2.1). Since wood 

decomposition is mostly microbial-driven (Sinsabaugh et al., 1992; Tank & Webster, 1998; Arroita 

et al., 2012) and considering the potentially high flow rates in certain Azorean streams (Raposeiro et 

al., 2013, 2014), fine-mesh bags were used to protect this substrate from excessive physical 

fragmentation. 

On 9th and 10th May 2022, 12 litter bags for each substrate and mesh size were incubated in 

each of the nine streams (clethra: 3 stream types  3 streams  2 mesh sizes  4 sampling times  3 

replicates, n=216; balsa wood: 3 stream types  3 streams  1 mesh size  4 sampling times  3 

replicates, n=108). These bags were fixed to the streambed with iron nails and secured submerged 

with stones. Additionally, an extra group of 9 bags (3 bags per substrate and mesh size) were 

submerged at one stream for 10 minutes and transported back to the laboratory. This was conducted 

to determine a conversion factor between initial air-dry mass and initial ash-free dry mass (AFDM), 

considering mass loss due to handling. 
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Figure 2.1. Selected substrates, clethra leaves and commercial balsa wood (A); clethra leaves getting 

moistened for being enclosed in mesh bags (B); commercial balsa wood enclosed in fine mesh bags and clethra 

leaves enclosed in coarse and fine mesh bags (C).  

 

Litter Mass Remaining 

After 15, 30, 45, and 63 days, three randomly selected bags for each substrate and mesh size 

were collected from each stream (3 bags  3 substrates and mesh size  9 streams; n=81 bags per 

sampling date). Collected bags were individually enclosed in ziplock bags, transported cool to the 

laboratory (Figure 2.2) and rinsed with distilled water on top of a sieve (0.5-mm mesh size) to remove 

fine sediments while retaining small litter fragments (Figure 2.3). Balsa wood veneers were processed 

for determination of AFDM remaining, while clethra leaves were processed for determination of 

AFDM remaining, spore production by aquatic hyphomycetes (fine- and coarse-mesh bags) and 

macroinvertebrate colonization (coarse-mesh bags) (see below). 
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Figure 2.2. At each sampling date bags from each substrate and mesh size were randomly selected (A); 

enclosed in zip lock bags and transported to the laboratory (B).  

 

 

Figure 2.3. Clethra coarse-mesh bags (A), clethra fine-mesh bags (B) and balsa wood substrate (C) remaining 

rinsed gently with distilled water at laboratory to remove fine sediments and transferred to pre-weighed 

aluminum pans. 

 

Balsa wood veneers were carefully transferred into pre-weighed aluminum pans, oven-dried 

(60 ºC for 48 h) (Memmert GmbH + Co, Schwabach, Germany) and weighed (0.1 mg precision) to 

determine final dry mass (DM). Dry substrate samples were ignited (500 ºC for 4 h) (Lenton EF 

11/8B, Hope Valley, UK) and ashes were weighed (0.1 mg precision). The AFDM remaining was 
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determined as DM–ash mass and results were expressed as the percentage of initial AFDM. Clethra 

leaves were processed as balsa wood, except that five leaf discs were extracted from each sample to 

induce sporulation (see below); the discs AFDM were later added to the bulk leaf AFDM (Figure 

2.4). 

 

Figure 2.4. Remaining substrate in pre-weighed aluminum pans for oven-dried inside oven (A), for ignition 

inside muffle (B) and ash remaining after ignition (C).  

 

Aquatic Hyphomycetes 

The community structure and sporulation rates of aquatic hyphomycetes associated with 

clethra leaf litter in coarse- and fine-mesh bags were assessed by inducing sporulation under 

controlled laboratory conditions (Bärlocher, 2020). Leaves from each bag were gently rinsed with 

distilled water and five leaf discs (each one selected from different leaves) were cut with a corkborer 

(12-mm diameter) and placed in 100-mL Erlenmeyer flasks with 25 mL of filtered stream water (47-

mm diameter, 1.2-μm pore size; Whatman GF/C, GE Healthcare Europe GmbH, Little Chalfont, UK) 

(Figure 2.5). Flasks were incubated on an orbital shaker (at 100 r.p.m.) (VWR Standard 3500 Orbital 

Shaker, VWR, USA) and placed inside an environmental test chamber (Economic Lux Chamber 

EC01-094, Snijders Scientific B.V., Tilburg, Holland) for 48 h at 10 ºC and with 10 h light:14 h dark 

photoperiod to simulate environmental light conditions (Figure 2.6). Spore suspensions were then 

gently shaken to dislodge spores attached to the flask walls, transferred into 50-mL graduated tubes, 

and fixed with 2 mL of formalin 37%. The sample final volume was adjusted to 35 mL with distilled 

water. Spore suspensions were stored in the dark until used. Leaf discs were transferred to pre-
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weighted aluminum cups, oven-dried at 60 ºC for 48 h and weighed (0.1 mg precision) for DM 

determination. Dry leaf discs were ignited at 500 °C for 4 h to determine ash mass and AFDM. 

 

Figure 2.5. Remaining clethra substrate from coarse-mesh bags transferred to sieve (A), rinsed gently with 

distilled water to remove sediments (B) and cut leaf disc with corkborer (C).  

 

Figure 2.6. Erlenmeyer flask with leaf discs and filtered stream water (A); deployed in an orbital shaker placed 

inside an environmental test chamber (B); after sporulation aliquots of suspension filtered through cellulose 

nitrate filters and stained with cotton blue in lactic acid (C); stained filter mounted on a microscope slide for 

spores counting and identification under microscope (D). 

 

For microscope slides preparation, spore suspensions were transferred into a beaker with 100 

μL Triton X-100 solution (0.5%) and homogenized with a magnetic stirrer to ensure a uniform 

distribution of spores. Aliquots of the suspension were filtered through cellulose nitrate filters (25-

mm diameter, 5-μm pore size; SMWP, Merk Millipore Ltd. Cork, Ireland). Filters were stained with 

cotton blue in 60% lactic acid (0.05%) and mounted on a microscope slide (Figure 2.6). Spores were 

identified and counted under a microscope (Leica DM2500, Leica Microsystems CMS GmbH, 

Wetzlar, Germany) at 200 magnification. Sporulation rates were expressed as the number of spores 

released per mg AFDM per day and aquatic hyphomycete taxa richness as the number of taxa per 

sample. 
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Benthic and Litter Macroinvertebrates 

Benthic macroinvertebrate samples were obtained at the beginning (day 0) and end (day 63) 

of the experiment from each stream following standard protocols (INAG, 2008). Samples were 

collected with a kicknet (0.33-m wide, 0.5-mm mesh) along a 50-m reach. Each sample comprised 

six subsamples (1-m long) distributed proportionally among the existing microhabitats. Samples were 

preserved in 70% ethanol, and macroinvertebrates were counted and identified under a stereo 

microscope (Leica Stereozoom S9i, Leica Microsystems CMS GmbH, Wetzlar, Germany). 

Identification keys (Borges et al., 2010; Kriska, 2013; Tachet et al., 2000) were used for identification 

of individuals to the lowest possible taxonomic level. Total abundance was expressed as the total 

number of individuals per sample and relative abundance was expressed as the percentage of each 

taxon relative to the total number of individuals within each sample. Taxa richness was expressed as 

the number of taxa per sample. Organisms were assigned to functional feeding groups (Schmidt-

Kloiber & Hering, 2015) and shredder density was expressed as the number of individuals per m2.  

Macroinvertebrates associated with clethra leaves enclosed in coarse-mesh bags were 

collected from the sieve and preserved in 70% ethanol for later identification and counting as 

described for benthic macroinvertebrates (Figure 2.7). Shredder density was expressed as the number 

of shredders per gram of leaf litter AFDMr. 

 

Figure 2.7. Remaining clethra substrate of coarse-mesh bags transferred into a sieve to collect 

macroinvertebrates associated to litter in cryptomeria streams at day 30 (A); and at day 63 (B).  
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Data Analysis 

Water parameters were compared among stream types and streams (nested within stream 

types) using two-level nested ANOVA, followed by Tukey’s honest significant difference (HSD) test 

when significant effects were detected. 

Litter decomposition across the incubation period is often expressed as decomposition rate; 

however, neither the negative linear model nor the negative exponential model (with either fixed or 

free intercept) successfully fitted our data across all treatments, in particular for wood incubated in 

native and cryptomeria streams, for which decomposition was very slow for the first 45 days, 

increasing thereafter (Figure 1). Thus, comparisons of the proportion of AFDM remaining among 

stream types, streams (nested within stream types), substrates (clethra leaves enclosed in coarse- and 

fine-mesh bags and balsa veneers enclosed in fine-mesh bags) and time were done using four-level 

nested ANOVA. Subsequently, Tukey’s HSD test was used to identify pairwise differences when 

significant effects were detected. Moreover, to overcome possible bias in the interpretation of our 

results due to differences in temperature among stream types, decomposition rate on a per day (k, /d) 

and on a per degree-day (k, /dd) basis were calculated using samples from day 63 only as –

ln(proportion AFDM remaining)/t, with t being time (days) or the cumulative mean daily temperature 

(ºC) by day 63, respectively. Three-level nested ANOVA was used to compare decomposition rates 

on a per day and on a per degree-day basis among stream types, streams (nested within stream types) 

and substrates, followed by Tukey’s HSD test. 

Aquatic hyphomycete communities (based on spore production; log (x + 1) transformed) 

associated with clethra in coarse- and fine-mesh bags were compared among stream types, streams 

(nested within stream types), mesh size and time by PERMANOVA based on Bray-Curtis similarity 

matrix followed by pairwise test. Aquatic hyphomycete sporulation rates and taxa richness were 

compared among stream types, streams (nested within stream type), mesh and time by four-level 

nested ANOVA followed by Tukey’s HSD test. 
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Benthic macroinvertebrate communities (log (x + 1) transformed) were compared among 

stream types, streams (nested within stream types) and time by PERMANOVA based on Bray-Curtis 

similarity matrix followed by pairwise test. Dispersion of principal coordinates analysis (PCO) was 

done to identify the predominant feeding group responsible for dissimilarities between stream types. 

Shredder densities in the benthos were compared among stream types using one-way ANOVA 

followed by Tukey’s HSD test. Moreover, Limnephilus atlanticus Nybom (1948) (Trichoptera, 

Limnephilidae) density was also compared among stream types because previous studies have shown 

that it plays an important role in organic matter decomposition when present (Balibrea et al., 2020; 

Raposeiro et al., 2018). Macroinvertebrates abundance (log (x + 1) transformed) associated with 

clethra in coarse-mesh bags were compared among stream types, streams (nested within stream types) 

and time by PERMANOVA based on Bray-Curtis similarity matrix followed by pairwise test. 

Shredder density (log (x + 1) transformed) associated with decomposing litter was compared among 

stream types and time by two-way ANOVA followed by Tukey’s HSD test. 

Data were checked for homoscedasticity (Bartlett’s test) and normality (Shapiro-Wilk’s test) 

before analyses and transformed when needed. Univariate analyses were performed using 

STATISTICA 7 (StatSoft, Tulsa, OK, USA) and IBM SPSS Statistics version 28.0 (IBM Corp., 

Armonk, NY, USA). Community analyses were performed using PRIMER 6 v6.1.11 & 

PERMANOVA v1.0.1 (Primer-E Ltd, Plymouth, UK). 

 

2.4 RESULTS 

Streams 

The predominant land use in native stream hydrographic basins was native vegetation, which 

covered 100% of the total area (Table 2.1 and Figure 2.9). The main land use in cryptomeria stream 

was cryptomeria plantations, which occupied 67% to 95% of the total area (Table 2.1 and Figure 2.9). 

The primary land use in the pasture stream hydrographic basins was extensive pasture for livestock, 

which covered 52% to 88% of the area (Table 2.1 and Figure 2.9). Pasture streams were also 

surrounded by a thin strip (i.e., 2–10 meters wide) of exotic species, mainly P. undulatum, Acacia 
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melanoxylon R.Br., Arundo donax L., H. gardneranum, Rubus ulmifolius Schott and Solanum 

mauritianum Scop., which represented 9% to 45% of the land use in the total area (Table 2.1 and 

Figure 2.9). 

 

 

 

Table 2.1. Location, elevation, and land use cover of the nine study streams. Land use cover was determined 

for a 300-m radius area upstream of the sampling sites (excluding basin area from other streams). Land uses 

were categorized into five types: native vegetation, cryptomeria plantations, exotic forest, pastures, and 

artificial land uses (urbanization and roads). 

Stream Code Latitude (N) 
Longitude 

(W) 

Elevation 

(m a.s.l.) 

Land use cover (%) 

Native Cryptomeria 

Exotic 

forest Pasture Artificial 

Tributary 1, Ribeira 

do Guilherme 
Nat1 37°47'57.30'' 25°12'10.83'' 584 100.0 0.0 0.0 0.0 0.0 

Tributary 2, Ribeira 

do Guilherme 
Nat2 37°48'02.09'' 25°12'07.71'' 576 100.0 0.0 0.0 0.0 0.0 

Ribeira Grande Nat3 37°46'36.58'' 25°27'29.94'' 597 100.0 0.0 0.0 0.0 0.0 

Ribeira da Achada 
Crypt1 37°48'46.99'' 25°14'45.74'' 776 18.1 67.0 0.0 14.9 0.0 

Ribeira do Folhado 
Crypt2 37°48'50.37'' 25°14'35.37'' 762 6.3 93.7 0.0 0.0 0.0 

Ribeira da Mulher 
Crypt3 37°48'42.87'' 25°14'22.51'' 770 4.9 95.1 0.0 0.0 0.0 

Ribeira da Lomba 

Grande 
Past1 37°46'12.20'' 25°13'21.18'' 244 0.0 0.0 9.0 87.8 3.2 

Ribeira dos Lagos 
Past2 37°46'07.01'' 25°14'55.85'' 207 0.0 0.0 22.9 71.5 5.7 

Ribeira Quente 
Past3 37°46'12.20'' 25°17'47.29'' 201 0.0 0.0 45.0 52.3 2.7 
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Figure 2.8. Selected study streams in São Miguel Island, Azores archipelago, in April 2022. Streams were 

categorized into three types according with the dominant surrounding vegetation: native streams (n=3; Nat1 

– Nat3), cryptomeria streams (n=3; Crypt1 – Crypt3), and pasture streams (n=3; Past1 – Past3). 
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Figure 2.9. Land use cover in the watershed of the selected study streams within a 300-m radius area upstream 

of the sampling site (red polygon). White coloured polygons correspond to areas of adjacent basins, which 

were excluded. Purple polygons correspond to native vegetation; green polygons correspond to forested areas 

(cryptomeria plantations or exotic forest); orange polygons correspond to artificial land uses (urbanization, 

roads). Pasture areas were estimated by subtracting the area of other land uses and adjacent basins from the 

total area (red polygon). Images were acquired from Google Earth (accessed in May 2022). Nat1 – Nat3, 

Native streams; Crypt1 – Crypt3, Cryptomeria streams; Past1 – Past3, Pasture streams. 

 

Water Variables 

Water temperature, pH, conductivity, total dissolved solids, and nitrate and phosphate 

concentrations significantly differed between stream types (two-level nested ANOVA, P<0.001; 

Tables 2.2 and S1 and S2). Water temperature was overall cool, but significantly lower for 
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cryptomeria streams than for native and pastures streams, which did not significantly differ (Table 

2.2). Values of pH varied from circumneutral to slightly alkaline, and were significantly lower for 

native streams, intermediate for cryptomeria streams, and higher for pasture streams (Table 2.2). 

Conductivity and total dissolved solids were overall low, but significantly lower for cryptomeria 

streams, intermediate for native streams, and higher for pasture streams (Table 2.2). Nitrate 

concentrations ranged from moderate to high across stream types, with high variation within native 

and pasture stream types (Table S1). Nitrate concentrations were significantly higher for pasture 

streams than for native and cryptomeria streams, which did not significantly differ (Table 2.2). 

Phosphate concentrations were overall high, being significantly lower for cryptomeria streams, 

intermediate for native streams, and higher for pasture streams (Table 2.2). 

 

Table 2.2. Physical and chemical characteristics of the stream water during the experiment (9th May–12th 

July, 2022). Streams were classified in three types according with the dominant surrounding vegetation 

(native, cryptomeria and pasture; see Table 1 and Figure S2). Values are mean ± SE of three streams (n=5 

per stream, except for water temperature where n=63). Stream types with different letters significantly differ 

(two-level nested ANOVA followed by Tukey’s HSD test). TDS, total dissolved solids. 

Water variables Native   Cryptomeria   Pasture   

Temperature (°C) 14.33 ± 0.28 a 12.35 ± 0.01 b 15.53 ± 0.11 a 

pH 7.07 ± 0.66 a 7.37 ± 0.18 b 7.96 ± 0.12 c 

Conductivity (µS/cm) 85.80 ± 18.79 a 53.80 ± 1.10 b 130.10 ± 5.77 c 

TDS (mg/L) 42.80 ± 9.46 a 27.00 ± 0.70 b 65.00 ± 2.91 c 

N-total (µg/L) 564.03 ± 2.21 a 569.91 ± 1.26 a 562.39 ± 3.54 a 

NO3
- (µg/L) 83.68 ± 51.35 a 24.11 ± 7.35 a 755.63 ± 249.87 b 

NH3 + NH4
+ (µg/L) 23.61 ± 1.68 a 18.47 ± 2.03 a 25.59 ± 1.14 a 

P2O5 (µg/L) 81.47 ± 12.96 a 30.06 ± 5.14 b 127.15 ± 43.49 c 

 

Litter Decomposition 

Litter mass remaining decreased steadily over the incubation period for all substrates in 

pasture streams (reaching 19.6% – 42.4% after 63 days) and for clethra leaves in coarse-mesh bags 

in cryptomeria streams (30.1%) (Figure 2.10). In contrast, balsa wood in native and cryptomeria 

streams changed little in mass for the first 45 days and reached 80.1% and 85.4% of mass remaining 

after 63 days, respectively. Also, clethra leaves in coarse-mesh bags in native streams and clethra 

leaves in fine-mesh bags in native and cryptomeria streams reached ~83% mass remaining within the 
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first 15-days incubation but then the decomposition rate decreased, and after 63-days incubation it 

had 61.8% – 71.6% mass remaining (Figure 2.10). Litter mass remaining significantly differed 

between stream types and substrates (four-level nested ANOVA, P=0.001 and P<0.001, respectively) 

and there was a significant interaction between both factors (four-level nested ANOVA, P=0.006) 

(Table S3). Clethra leaves in coarse-mesh bags decomposed significantly faster in pasture streams, 

followed by cryptomeria streams and slower in native streams, while clethra leaves and balsa wood 

in fine-mesh bags decomposed significantly faster in pasture streams than in cryptomeria streams and 

native streams, which did not significantly differ (Figure 2.10 and Table S3). Decomposition was 

faster for clethra leaves in coarse-mesh bags, followed by clethra leaves in fine-mesh bags and slower 

for balsa wood in fine-mesh bags, except in pasture and native streams where decomposition of leaves 

in coarse- and fine-mesh bags was similar (Figure 2.10).  

 

Figure 2.10. Ash-free dry mass (AFDM) remaining (mean ± SE) of clethra leaves enclosed in coarse- and fine-

mesh bags and balsa wood enclosed in fine-mesh bags and incubated in native (Nat), cryptomeria (Crypt) and 

pasture (Past) streams (n=3 streams per type) over 15, 30, 45 and 63 days (n=3 replicates per stream and 

date).  
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Decomposition rates on a per day (k, /d) and on a per degree-day (k, /dd) basis for leaves and 

wood in fine-mesh bags were higher in pasture streams than in native and cryptomeria streams, which 

did not significantly differ (Table S4 and S5). However, decomposition rates of leaves in coarse-mesh 

bags were higher in cryptomeria and pastures streams than in native streams. Therefore, relative 

differences were maintained when expressing results on a per day or a per degree-day basis (Table 

S4 and S5). 

 

Aquatic Hyphomycetes 

A total of 41 aquatic hyphomycete taxa were found associated with clethra leaves in coarse- 

and fine-mesh bags (Table S6). Fungal community structure was affected by all tested factors and 

most of their interactions (PERMANOVA, P0.042; Table S7). Overall, taxa richness was higher in 

native (34 and 30 species in coarse- and fine-mesh bags, respectively) and cryptomeria streams (29 

and 30 species in coarse- and fine-mesh bags, respectively) than in pasture streams (20 species in 

both mesh sizes) (Figure 2.11 and Table S6). 

 

Figure 2.11. Mean relative contribution (across streams and dates, based on spore production) of aquatic 

hyphomycete taxa associated with clethra leaves enclosed in coarse- and fine-mesh bags and incubated in 

native (Nat), cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type) over 15, 30, 45 and 63 

days (n=3 replicates per stream and date). 
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Articulospora tetracladia Ingold was the most abundant species in native streams (39% and 

37% of relative contribution in coarse- and fine-mesh bags, respectively), Lemonniera aquatica De 

Wild. (41% and 38%) and Tetrachaetum elegans Ingold (27% and 30%) were the most abundant 

species in cryptomeria streams, and Lunulospora curvula Ingold was the most abundant species in 

pasture streams (93% and 94%) (Figure 2.11 and Table S6).  

 

Figure 2.12. Taxa richness (A) and sporulation rates (B) of aquatic hyphomycetes (mean ± SE) associated 

with clethra leaves enclosed in coarse- and fine-mesh bags and incubated in native (Nat), cryptomeria (Crypt) 

and pasture (Past) streams (n=3 streams per type) over 15, 30, 45 and 63 days (n=3 replicates per stream and 

date). Taxa richness and sporulation rates were not determined at day 63 in pasture streams due to low amount 

of leaf mass remaining.  
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Aquatic hyphomycete taxa richness associated with clethra leaves increased over the 

incubation period for all stream types and both mesh sizes (four-level nested ANOVA, P<0.001) but 

did not significantly differ between stream types, streams or mesh sizes (four-level nested ANOVA, 

P 0.052) (Table S8), reaching 8 – 11 taxa/sample on day 63 (Figure 2.12).  

Aquatic hyphomycetes sporulation rates associated with clethra leaves in native and pasture 

streams were higher on days 15 and 45 than on day 30, while they remained low throughout the 

incubation period in cryptomeria streams (<150 conidia/mg AFDM/d) (Figure 2.12). However, 

sporulation rates did not differ significantly among stream types, streams or mesh sizes (four-level 

nested ANOVA, P0.087; Table S8) 

 

Benthic and Litter Macroinvertebrates 

Overall, 46 macroinvertebrate taxa were found in the benthos of native, cryptomeria and 

pasture streams (Table S9). Benthic communities significantly differed between stream types and 

streams (PERMANOVA, P=0.007 and P=0.003, respectively), but did not change during the 

incubation period (PERMANOVA, P=0.0.654) (Table S10). In native streams, the worm Nais sp., 

Orthocladiinae midges and the caddisfly Oxyethira falcata Morton, 1893 were the predominant taxa, 

with a relative abundance of 31%, 23% and 19 %, respectively. Cryptomeria streams were 

characterized by the black fly Simulium azorense (Carlsson, 1963) (20%), the caddisfly L. atlanticus 

(17% relative abundance), the worm Lumbriculus variegatus (Müller, 1774) (16%) and 

Orthocladiinae midges (16%). The dominant species in pasture streams were the worm Nais sp. (37 

% relative abundance), Orthocladiinae midges (29%) and the caddisflies Hydroptila sp. (14%). 
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Dispersion of principal coordinates analysis (PCO) showed that the X axis explained 52.2% of 

variation in the benthic macroinvertebrate community (Figure 2.13). Shredders were the main 

functional feeding group responsible for explaining the dissimilarity between cryptomeria streams 

and the other two stream types. Filter-feeders and predators seemed to be the dominant functional 

feeding groups in native streams, while dominated by grazer/scrapers and gatherer/collectors 

predominated in pasture streams (Figure 2.13).  

 

 

Only four shredder taxa were collected across streams (Dicranomyia sp., Jaera nordmanni 

subsp. insulana Veuille, 1976, L. atlanticus and Tipula sp.). Each stream had at least one shredder 

taxa, but mean relative abundance was generally low for most of them (<5%), except for L. atlanticus 

that was one of the codominant taxa in the benthic macroinvertebrate community in cryptomeria 

streams (17% relative abundance). Shredder density in the benthos did not significantly differ among 

stream types (one-way ANOVA, P=0.054), but L. atlanticus density did (P<0.001) (Table S11), being 

significantly higher in cryptomeria streams than in the other stream types (Table S11). 

Figure 2.13. Dispersion of principal coordinates analysis (PCO) done on benthic macroinvertebrate 

community of native (Nat), cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type), sampled 

on two dates (d0 and d63), with the main functional feeding groups responsible for similarities within stream 

types. Data was log (x + 1) transformed; resemblance was calculated using Bray-Curtis similarity index. 
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Macroinvertebrate communities associated to decomposing leaves were affected by all tested factors, 

differing among stream types, streams and along time (PERMANOVA, P0.032; Table S12). The 

most abundant taxa found in native and pasture streams were the worm Nais sp. (25% and 32% 

relative abundance, respectively) and Orthocladiinae midges (21% and 26%, respectively). The 

caddisfly O. falcata was a codominant taxon in native streams (26%) and the endemic caddisfly L. 

atlanticus was a codominant taxon in cryptomeria streams (50%). Shredder density associated to 

decomposing leaves significantly differed among stream types (two-way ANOVA, P<0.001; Table 

S14), being highest in cryptomeria streams (Figure 2.14). Pasture and native streams had very low 

shredder density associated with leaves (Figure 2.14).  

 

 

 

 

 

 

 

Figure 2.14. Shredder density (mean ± SE) on clethra leaves enclosed in coarse-mesh bags and incubated in 

native (Nat), cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type) over 15, 30, 45 and 63 

days (n=3 replicates per stream and date). 
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2.5 DISCUSSION 

Organic matter decomposition was highly influenced by land uses. The differences in organic 

matter decomposition between stream types and substrates were most likely due to differences in 

dissolved nutrient concentrations and water temperature, microbial decomposer activity and 

macroinvertebrate shredders, as discussed below. 

Streams flowing through cryptomeria plantations and native laurel vegetation showed similar 

microbial-driven decomposition for leaves and wood substrates. This supports our hypothesis 1 and 

aligns with previous findings from the Azores (Ferreira et al., 2017; Raposeiro et al., 2014). Similar 

microbial activity could reflect similar water characteristics between cryptomeria and native streams. 

This was not the case as dissolved nutrient concentration and water temperature differed among 

stream types. However, aquatic hyphomycete communities also differed among stream types, 

suggesting some functional redundancy between decomposer communities as communities in 

cryptomeria streams kept organic matter decomposition at similar rates to those in native streams, 

despite the lower water temperature and dissolved phosphorus concentrations (Ferreira et al., 2017). 

This result agrees with results from a few studies that also did not find significant differences in 

organic matter decomposition between streams in conifer plantations and native forest (Ferreira et al., 

2017; Riipinen et al., 2010). Other studies found higher (Riipinen et al., 2009; Whiles & Wallace, 

1997) or lower (Hisabae et al., 2011; Martínez et al., 2013) organic matter decomposition rates in 

conifer streams (see Introduction). The multiple responses of organic matter decomposition to conifer 

plantations across studies suggests that the effect depends on a complex set of factors such as the 

identity of plantation species, type and identity of the substrate, decomposer community and water 

characteristics, complicating generalizations. 

Total organic matter decomposition differed between cryptomeria and native streams, 

contradicting our hypothesis 1. These differences were due to higher shredder densities associated 

with coarse-mesh bags in cryptomeria streams. In our study, L. atlanticus was the shredder species 

most abundant in cryptomeria streams, being present in very low abundances in native and absent 

from pasture streams. According to previous studies (Balibreaet al., 2020; Raposeiroet al., 2018) the 
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preferred habitats of this endemic caddisfly are streams at high elevation flowing through native 

vegetation or commercial conifer plantations with gravel and sand depositional areas with organic 

matter accumulations. Thus, the restricted ecological niche to lotic systems with circumneutral pH, 

high oxygen concentration and moderate nutrient concentration may explain abundance differences 

of this species between natives and cryptomeria streams. Moreover, our results showed an association 

between benthic invertebrates functional feeding groups and stream type, with shredders 

predominating in cryptomeria streams, filter-feeder in native streams and gatherer-collectors and 

grazer-scrappers in pasture streams, which support our results. 

Streams surrounded by pastures for livestock use exhibited significantly faster microbial-

driven and total organic matter decomposition compared to streams flowing through cryptomeria 

plantations or native vegetation, in agreement with hypothesis 2. It is well known that an increase in 

dissolved inorganic nutrient availability may often stimulates microbial activity (Ferreira et al., 2015). 

In our study, the faster organic matter decomposition in pasture streams can be attributed to higher 

dissolved nutrient concentrations in the water, probably derived from the leaching of cattle manure. 

Some other studies that assessed the effects of agricultural land use on stream ecosystems also showed 

that elevated nutrient inputs, particularly nitrogen and phosphorus promoted microbial activity and 

thus, enhanced organic matter decomposition (Hladyz et al., 2011; Quinn et al., 2000). However, not 

always is organic matter decomposition higher in agricultural streams compared with streams with 

native vegetation as the stimulatory effect of nutrient increase can be counteracted by sedimentation 

(Niyogi et al., 2003).  

Higher decomposition rates in pasture streams may also be attributed to higher water 

temperatures owing to the lower elevation of these streams. Several studies underscored the pivotal 

role of water temperature as a key abiotic factor influencing organic matter decomposition rates 

(reviewed by Amani et al., 2019). Moderate increases in water temperature may promote organic 

matter decomposition by stimulating the leaching of secondary compounds, thus facilitating 

decomposer colonization (Mas-Martí et al., 2015), metabolic rates of microbial decomposers and 

consumption rates of shredders (Irons et al., 1994; Buzby & Perry, 2000; González & Graça, 2003; 
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Azevedo-Pereira et al., 2006; Ferreira & Chauvet, 2011a, 2011b). Previous studies found that higher 

water temperatures stimulate fungal biomass and the sporulation of aquatic hyphomycetes, thereby 

accelerating decomposition rates (Dang et al., 2009; Ferreira & Chauvet, 2011a, 2011b; Martínez et 

al., 2013; Taylor & Chauvet, 2014). Microbial activity may be particularly stimulated by the 

simultaneous increase in both water temperature and dissolved nutrients (Ferreira & Chauvet, 2011a; 

Martínez et al., 2013). However, sporulation rates did not significantly differ among stream types in 

our study, contradicting our hypothesis 5. However, unexpectedly, sporulation rates declined at day 

30 before rising again. This decline may be linked to intense precipitation events, resulting in a strong 

punctual stream flow on the days before the sample collection (Figure S1). These flow spikes, which 

may last for a few days, are very often in the archipelago and contribute to the torrential regime of 

Azorean streams (Gonçalves et al., 2015). Torrential events can potentially disrupt sporulation rates 

due to water strength, which may damage fungal conidiophores at the leaf surface. We should expect 

that strong water flow could also mean an increase in substrate decomposing due to physical abrasion. 

However, our findings did not show a strong increase in organic matter decomposition at that time, 

which may be explained by the fact that substrates were still in the first stages of decomposition. 

Nevertheless, aquatic hyphomycete community structure differed between stream types, being less 

diverse in pasture streams, where it was dominated by Lunulospora curvula, which is known to be a 

warm-water species (Canhoto et al., 2016). 

As temperature and land use covary (i.e., agriculture streams are mostly at lower elevations 

while plantation and native streams are at higher elevations), decomposition rates were also expressed 

per degree-day, which corrects for the direct effects of differences in temperature (Rowe et al., 1996; 

Griffiths & Tiegs, 2016; Gessner & Peeters, 2020), to assess if land use effects were in fact only due 

to differences in temperature (i.e., elevation). This adjustment revealed that organic matter 

decomposition in pastures remained elevated relative to native streams suggesting that differences 

between stream types are not only due to differences in temperature and in their position in the 

elevation gradient. 
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It is widely known that intrinsic litter characteristics have a strong influence on organic matter 

decomposition (Ostrofsky, 1997; Jabiol et al., 2019; Ramos et al., 2021) . In our study leaves 

decomposed faster than wood in all three stream types, in agreement with our hypothesis 3. This 

difference between organic matter types was due to differences in their structural and chemical 

properties; clethra leaves are softer and richer in nutrients compared to the harder, nutrient-poor balsa 

wood (Balibrea et al., 2020; Ferreira et al., 2006), making it a more appealing substrate to 

decomposers. Moreover, differences in decomposition between leaves and wood were more obvious 

in pasture streams where decomposition progressed to a more advanced phase. 

We also hypothesized that organic matter in coarse-mesh bags would have faster 

decomposition than in fine-mesh bags due to shredders access and the possible higher physical 

abrasion in the former. However, we only found significant differences between mesh sizes in 

cryptomeria streams. Azorean stream macroinvertebrate communities are characterised by few 

shredder taxa, which are generally present in low abundances or even absent (Balibrea et al., 2020; 

Borges et al., 2010; Ferreira et al., 2016; Raposeiro et al., 2012; Raposeiro, et al., 2011). Other studies 

in the Azores found higher leaf litter decomposition rates where L. atlanticus occurred at higher 

densities (Balibrea et al., 2020; Raposeiro et al., 2018). In our study, shredders occurred at low 

densities in coarse-mesh bags in pasture and native streams, which translated into negligible 

differences in leaf decomposition between mesh sizes. However, higher densities of L. atlanticus 

associated to leaves occurred in cryptomeria streams, suggesting that this species could be the main 

decomposer in our study streams. Other studies also found that  a single species acted as a key 

shredder responsible for driving the decomposition process of leaf litter (Encalada et al., 2010; Piscart 

et al., 2009). 

Physical abrasion is also an important factor to consider when comparing organic matter 

decomposition among streams or between microbial-driven or total organic matter decomposition 

(Balibrea et al., 2020; Sabatino et al., 2020; dos Santos Fonseca et al., 2013; Graça, 2001). However, 

the slight difference in leaf decomposition between mesh sizes in native and pasture streams suggests 

that physical abrasion was likely not a relevant factor in our study. Thus, when comparing leaf 
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decomposition between mesh sizes, our results suggest that shredders had an important role in leaf 

decomposition in coarse-mesh bags in cryptomeria streams, but not in native and pasture streams 

where decomposition was mainly driven by microbes. Our results also agreed with previous studies 

done in Azorean streams showing that when shredders occur in low density, microbes are the main 

players in leaf litter decomposition (Balibrea et al., 2020; Ferreira et al., 2016; Raposeiro et al., 2014; 

Raposeiro et al., 2018). However, when shredders were present in higher densities, they strongly 

contributed to leaf litter decomposition.  

Pasture streams had the lowest aquatic hyphomycete taxa richness. Some studies have also 

shown that aquatic hyphomycete communities differed between native streams and streams flowing 

through monospecific plantations because high litter species richness allows higher aquatic 

hyphomycete species richness (Bärlocher & Graca, 2002; Ferreira et al., 2006). This finding agrees 

with our hypothesis 6 that a reduction in riparian vegetation diversity would reduce riparian habitat 

diversity and consequently lead to lower taxa diversity. Moreover, in our study, the similar aquatic 

hyphomycete taxa richness in native and cryptomeria streams, agreed with previous observations 

reported by Ferreira et al. (2017) where streams in cryptomeria plantation and native forest had similar 

aquatic hyphomycetes taxa richness associated to decomposing leaves substrate. The quantity and 

quality of organic matter inputs into pasture streams is probably too low, due to the absence or scarce 

riparian vegetation, to support a fungal community as diverse as those in native and cryptomeria 

streams. The similarity between aquatic hyphomycete taxa richness between native and cryptomeria 

streams may result from a trade-off between substrate diversity (higher in native streams) and litter 

quantity (higher in cryptomeria streams) (pers. obs.). 

Unexpectedly, pasture streams had the highest macroinvertebrate taxa richness and abundance 

in the benthos among stream types, which contradicted our hypothesis 6. The predominant abundance 

of gatherer/collectors and grazer/scrapers in pasture streams seemed to be correlated with high solar 

exposure, which translated into high primary production, due to the absence of vegetation. These 

findings showed that benthic invertebrate’s composition was shaped either by streams characteristics, 

or by the diversity of riparian vegetation, suggesting that both may be important factors controlling 
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the observed differences in richness and abundance of invertebrate communities in our study. 

Moreover, pasture streams had a thin strip two- to ten-meters wide of exotic vegetation that may have 

acted as a small buffer that minimized the effects of bank erosion, sediment inputs, temperature and 

light increase and may have supplied some organic matter inputs. Similar results were observed in 

other studies where higher benthos richness was found in pastures streams than in native forest 

probably due to the establishment of some riparian vegetation in the former ones (Quinn et al., 1997; 

Scarsbrook & Halliday, 1999). 

In conclusion, organic matter decomposition in pasture and native streams was mostly 

microbial-driven, while macroinvertebrate shredders played an important role in leaf litter 

decomposition in cryptomeria streams. Higher water nutrient concentrations and temperature 

explained the faster organic matter decomposition in pasture streams than in native or cryptomeria 

streams. Comparisons among stream types were partially confounded by differences in elevation due 

to the observed zonation in land uses that is common in oceanic islands with sharp slopes. 

Nevertheless, our results suggest that decomposition of leaves in coarse-mesh bags was sensitive to 

the different conditions among the three stream types, while decomposition of leaves and wood in 

fine-mesh bags did not discriminate between native and cryptomeria streams. Knowing the interaction 

between substrate type (i.e., litter species and mesh size) and stream type (i.e., environmental 

conditions) may inform future studies interested in addressing stream functioning across stream types 

or in using organic matter decomposition as a tool to address stream functional integrity. 
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Chapter 3 

Effects of leaf litter naturally enriched 

with metals on invertebrate  

decomposers.  
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3.1 ABSTRACT 

Streams naturally enriched with metals due to runoff from lava aquifers are a common feature of 

active volcanic islands. In the Azores archipelago, some streams exhibit inherent acidity and elevated 

concentrations of metals such as Fe, Al, and Mn. This study examines how metal exposure affects 

leaf litter decomposition and the performance of shredders decomposers by submerging three types 

of leaf litter, the exotic Alnus glutinosa (high quality substrate and used as a control) and the 

recalcitrant native Ilex perado and Laurus azorica, in both a metal-enriched stream and a reference 

stream with low metal concentration for a two-week period. After incubation, metal-enriched and 

reference leaf litter were used to evaluate feeding preferences, consumption rates, growth, and 

survival of the endemic Azorean shredder caddisfly, Limnephilus atlanticus. In feeding trials where 

only reference leaves were available, shredders significantly preferred A. glutinosa over the other two 

species. When given metal-enriched leaves, they exhibited a preference for I. perado over L. azorica. 

Additionally, when given a choice between reference and metal-enriched leaves, L. atlanticus 

significantly preferred reference leaves, except in the case of I. perado, where no significant 

preference was observed. During long-term trials (three-weeks), larvae demonstrated a higher 

consumption rate for metal-enriched A. glutinosa leaves compared to reference leaves, whereas no 

significant difference was detected for I. perado or L. azorica. Relative growth rates remained similar 

across metal-enriched and reference leaves. Overall, larvae consumption and growth were higher on 

A. glutinosa and I. perado than on L. azorica leaves. Survival rates did not significantly differ between 

leaf types or species. These results indicate that the quality of leaf litter had a greater impact on 

shredder performance than metal exposure. This suggests that the presence of recalcitrant native litter 

may buffer the negative effects of metal enrichment on shredders decomposers in Azorean streams. 

 

 

 



65 
 

 

3.2 INTRODUCTION 

Streams impacted by metal drainages are found across the globe (Harbrow, 2001; Harding, 

2005; Batty & Hallberg, 2010), especially in regions affected by acid rain, urbanization, and mining 

activities (Niyogi et al., 2002a; Pascoal et al., 2005; Batty & Hallberg, 2010). Additionally, streams 

with naturally acidic waters and elevated metal concentrations are widespread (Hogsden, 2013), 

particularly in areas of volcanic origin (Hurwitz et al., 2010; Schopka & Derry, 2012; Freire et al., 

2013). These naturally acidic streams are predominantly located in volcanic regions such as New 

Zealand, Japan, Russia, Iceland, and the United States (Brock, 1980; Hedenquist et al., 1994; Carey 

et al., 2002; Singh & Mosley, 2003; Prada et al., 2005; Wilson et al., 2009; Cabral Pinto & Ferreira 

da Silva, 2019). In Azores archipelago, a set of young oceanic islands in the middle of the North 

Atlantic, belonging to Portugal, streams naturally enriched with metals are frequent. These streams 

are characterized by low pH, elevated concentrations of iron (Fe), aluminium (Al), manganese (Mn), 

copper (Cu), and zinc (Zn), and substrata coated with metal oxides and hydroxides precipitates 

(Louvat et al., 1998; Cruz et al., 1999; Terroso et al., 2006; Gonçalves et al., 2016). Such high metal 

concentrations can arise from effluents and springs linked to active volcanism (Cruz, 2003; Quintela 

et al., 2013), soil leaching by organic acids or metal-enriched groundwater due to the weathering of 

bedrock or soils (Kelley & Hudson, 2007; Batty & Hallberg, 2010) and runoffs from lava flow 

aquifers (Cruz & França, 2006; Cabral Pinto & Ferreira da Silva, 2019). 

The ecological effects of high metal concentrations in streams have been widely studied, 

particularly their impact on key ecosystem processes such as organic matter decomposition (Carlisle 

& Clements, 2005; Hogsden & Harding, 2012; Peters et al., 2013; Ferreira et al., 2016b). Organic 

matter decomposition is predominantly driven by biological processes mediated by microbes and 

invertebrate shredders (Cummins et al., 1973; Hieber & Gessner, 2002; Cornut et al., 2010). In 

temperate continental streams, shredders play an important role in organic matter decomposition by 

breaking down leaf litter, incorporating organic carbon and nutrients into secondary production, and 

releasing fine particles that serve as food for collector invertebrates (Hieber & Gessner, 2002; Gulis 
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et al., 2006; Cornut et al., 2010). However, the decomposition of leaf litter in oceanic island streams 

remains poorly understood (Larned, 2000; Ferreira et al., 2016d; Raposeiro et al., 2018). Studies 

conducted in streams in the Azores indicated that microbial communities, where aquatic 

hyphomycetes are the main decomposers,  dominate litter decomposition due to the low diversity and 

abundance of shredders (Raposeiro et al., 2013; Ferreira et al., 2016d). Nonetheless, experiments in 

high-elevation streams have revealed that when shredders are present in high densities, they assume 

a dominant role in decomposition processes (Raposeiro et al., 2018; Balibrea et al., 2020a). Despite 

these findings, how naturally metal-enriched conditions may affect shredders (e.g., feeding and 

growth) remains largely unknown. 

Elevated metal concentrations in stream water can negatively impact shredders by 

contaminating leaf litter, which can inhibit consumption, reduce growth rates, and increase mortality 

(Abel & Barlocher, 1988; Gonçalves et al., 2011; Batista et al., 2012; Campos et al., 2014; Ferreira 

et al., 2016b). Microbial conditioning of metal-enriched litter can be constrained because metals can 

be adsorbed into leaf litter surfaces inhibiting microbial colonization (Duarte et al., 2008; Roussel et 

al., 2008; Sridhar & Bärlocher, 2011; Funck et al., 2013a), leading to reduced litter palatability and 

subsequently inhibiting shredder consumption (Schlief & Mutz, 2006; Gonçalves et al., 2011; Batista 

et al., 2012; Funck et al., 2013b; Niyogi et al., 2013).  

The extent of these effects may also depend on the intrinsic characteristics of the litter. 

Shredder consumption is often influenced by the physical and chemical properties of leaf litter, such 

as nutrient content, toughness, and the presence of structural (e.g., lignin) or secondary compounds 

(e.g., polyphenols) (Abelho and Graça 1996; Graça and Cressa 2010; Ferreira et al. 2017). Thus, soft 

leaves with low levels of structural (such as lignin) and secondary compounds (such as polyphenols) 

and high nutrient concentrations are generally more palatable and consumed at higher rates than tough 

or recalcitrant leaves (Ferreira et al. 2016b; Raposeiro et al. 2018; Balibrea et al. 2020). 

The feeding activity of shredders is a reliable indicator of environmental stress, being 

particularly sensitive to acidity and elevated concentrations of dissolved metals in water (Collier & 

Winterbourn, 1990; Gonçalves et al., 2011; Hogsden et al., 2013). Moreover, it is an important 
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ecological parameter linked to organismal growth, reproduction, and survival, making it a valuable 

measure for assessing the impacts of metal enrichment on stream ecosystems through metal-enriched 

food resources (Irving et al., 2003; Casimiro & Fidalgo, 2007; Gonçalves et al., 2011).  

In this study, we incubated leaf litter with distinct initial characteristics (Alnus glutinosa (L.) 

Gaertn, Ilex perado Aiton, and Laurus azorica (Seub) Franco) in a stream with low metal 

concentrations and a stream with naturally high metal concentrations. The incubated leaf litter was 

then used to feed larvae of the Azorean endemic shredder caddisfly, Limnephilus atlanticus Nybom, 

1948 (Trichoptera, Limnephilidae), to assess their feeding preferences, consumption, growth and 

survival. 

We hypothesized that (1) metal concentrations would be higher in leaf litter exposed in the 

high-metal stream compared to the low-metal stream; and (2) larvae of L. atlanticus would exhibit a 

preference for consume more of, grow better on, and have higher survival rates when fed with leaves 

incubated in the low-metal stream compared to the high-metal stream. Additionally, we hypothesized 

that (3) larvae would prefer, consume more of, grow better on, and have higher survival rates when 

fed with high-quality leaf litter compared to recalcitrant leaf litter. Finally, we predicted that (4) 

differences in larvae consumption and growth rates between leaf litter incubated into high vs. low 

metal concentrations would be more pronounced for high-quality leaf litter than for recalcitrant leaf 

litter, as the superior performance of larvae on high-quality litter would be more strongly inhibited 

by elevated metal concentrations in the litter than the performance on low quality litter. 

 

3.3 MATERIALS AND METHODS 

Larvae 

This study utilized early-instar larvae of the endemic shredder caddisfly Limnephilus 

atlanticus (Figure 3.1), collected during early summer 2015 from the benthic zone of a first-order 

reach of Ribeira do Folhado, São Miguel Island (37°48’48’’N, 25°14’47’’W, 729 m a.s.l.). The 

stream is characterized by circumneutral pH, low conductivity, and minimal nutrient concentrations 
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(Balibrea et al., 2017), with low dissolved metal content (Gonçalves et al., 2016). The riparian 

vegetation consists of native broadleaf evergreen trees, including Ilex perado and Laurus azorica, 

alongside exotic species such as Clethra arborea Aiton and Cryptomeria japonica (L. f.) D. Don. 

Larvae were collected using a kick net (0.5 mm mesh), sorted in the field, and transported in a cooler 

to the University of the Azores, Ponta Delgada, São Miguel. Water, sediment, and conditioned leaf 

litter were also collected from the stream at the time of sampling. In the laboratory, larvae were 

maintained in aerated stream water with sediment at 12°C under a 10 h light:14 h dark photoperiod 

for two days prior to experimentation. During this period, they were fed Alnus glutinosa leaf litter, a 

higher-quality nutritional substrate than naturally available in the stream, except for the 12 h 

preceding the experiment, when they were fasted. Only larvae with a wet mass of 40.0–50.0 mg (body 

+ case; Balibrea et al. 2017) were selected for the experiments (Figure 2.1). 

 

Figure 3.1. Larvae of Limnephilus atlanticus used in the microcosms trials (A); larvae body and case 

separately, dried larvae body used at the end of the experiments to estimate growth rates (B). 

 

Leaf Litter 

Leaves from three tree species exhibiting distinct physical and chemical properties were used: 

Ilex perado, Laurus azorica, and Alnus glutinosa. I. perado and L. azorica are native broadleaf 

evergreen species commonly found in Azorean riparian zones, with leaves collected from trees in 

winter 2014–2015 (Planalto dos Graminhais, São Miguel; 37°48’30’’N, 25°14’54’’W, 837 m a.s.l). 

A. glutinosa, a broadleaf deciduous species, was selected due to its frequent use in feeding behavior 
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studies (Graça, 2001; Graça & Cressa, 2010); senescent leaves were collected in autumn 2014 from 

Lake Furnas, São Miguel (37°45’16’’N, 25°19’31’’W, 294 m a.s.l). Although A. glutinosa is an 

exotic species in the Azores, it occurs naturally along some lakeshores. Collected leaves were air-

dried and stored in darkness until use. 

Chemical analyses of the leaves were conducted to determine polyphenol, lignin, and nutrient 

(phosphorus, nitrogen, and carbon) concentrations. Leaf powder (<5 mm) was obtained from oven-

dried (60°C) leaves. Polyphenols were extracted with acetone and quantified using the Folin-

Ciocalteu method via spectrophotometry (Jenway 6715 UV/Vis, U.K.) (Bärlocher et al., 2020). 

Additional samples with known concentrations of tannic acid (0 – 500 g/L) were processed as the 

experimental samples (Folin Ciocalteu method) and used to establish a linear regression model 

between absorbance and tannic acid concentrations (R2 = 0.98). Lignin was extracted from leaf 

powder (500 mg, 0.1 mg precision) by acid digestion in the autoclave. The extract was filtered through 

ceramic crucibles, and lignin concentrations on the residue were determined gravimetrically. 

Phosphorus was extracted from leaf powder (3.6 mg, 0.1 mg precision) by basic digestion in the 

autoclave, and phosphorus concentrations were determined on liquid samples (ascorbic acid method) 

by spectrophotometry (Bärlocher et al., 2020). Additional samples with known phosphorus 

concentrations (0 – 1000 mg/L) were processed as the experimental samples (basic digestion in the 

autoclave and ascorbic acid method) and used to establish a linear regression model between 

absorbance and phosphorus concentrations (R2 = 1.00). Nitrogen and carbon concentrations were 

determined directly from leaf powder (500 g, 0.1 g precision) with an Elemental Analyzer/Isotope 

Ratio Mass Spectrometer (EA/IRMS; IRMS Thermo Delta V advantage with a Flash EA-1112 series, 

Thermo Fisher Scientific Inc., U.S.A.). Calibration of the IRMS occurs regularly, and current 

measures match international and laboratory standards to within ± 1‰. Acetanilide standards 

(71.09% C, 10.36% N) are included at the start, at every 20 samples, and at the end of each ‘run’ (i.e., 

a discrete set of samples analyzed continuously) for quality assurance. Replicate reference material 

has a variation ≤ 0.2 ‰, which determines acceptable precision. Leaf toughness was determined using 



70 
 

a penetrometer after leaves had been soaked in distilled water for one hour, and results were expressed 

as the mass needed to penetrate the leaf with an iron rod (0.79 mm in diameter) (g) (Bärlocher et al., 

2020). 

 

Leaf litter exposure in streams 

For the experiments, 12-mm diameter leaf discs were extracted with a cork borer, avoiding the 

main vein, from leaves previously moistened with distilled water (Figure 3.2). Leaf discs were then 

oven-dried (60 °C for 48 h) and weighed (0.1 mg precision) to determine initial discs DM. Leaf discs 

were enclosed in 0.5-mm mesh bags (Figure 3.2) and exposed for two weeks (May 2015) in two small 

tributaries of Ribeira Grande, located in the northeast hillside of Lake Fogo (São Miguel Island, 

Azores), that differ in metal concentration, to ensure the leaching of leaf soluble compounds, 

colonization by microbial decomposers and adsorption of metals (Figure 3.3). After the exposure 

period, leaf discs were retrieved, gently rinsed with distilled water and placed in each microcosm (see 

below). Extra leaf discs from each species were exposed in both tributaries simultaneously and for 

the same period to be used for metal concentration analyses; after collection, discs were gently rinsed 

with distilled water and maintained oven-dried (60 °C) until analyzed.  

 

Figure 3.2. Moistened leaves of Alnus glutinosa (A); leaf discs of A. glutinosa cut with corkborer (B); 

fine-mesh bags for leaf discs incubation (C).  

 

The tributary with low metal concentration (reference stream; 37°46’29’’N, 25°27’31’’W, 594 

m above sea level) is circumneutral, has low conductivity and low nutrient concentration (Gonçalves 

et al., 2015b). The tributary with high metal concentration originating from volcanic emissions 
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(metal-enriched stream; 37°46’31’’N, 25°27’33’’W, 586 m above sea level) is slightly acidic, poorly 

mineralized, and has low nutrient concentration (Gonçalves et al. 2015, Table S15)(Figure 3.3).  

 

Figure 3.3. Incubation sites in a stream with low metal concentration (reference stream, A); and in a stream 

naturally enriched with metals (metal-enriched stream, B). 

 

Water samples were collected from both sites, transported to the laboratory, filtered using fiber 

glass filters (47 mm diameter, 1.2 μm pore size; Whatman GF/C, GE Healthcare Europe GmbH, Little 

Chalfont, U.K.) and frozen until analyzed. Aluminum, Fe, and Mn concentrations in water (μg/L) and 

in leaves (μg/g of leaf DM) were determined by atomic absorption spectrometry with stoichiometric 

flame atomization (Willis, 1975). Metals considered for analyses were those most abundant in the 

metal-enriched stream (Gonçalves et al., 2015b). The precision of the analytical method was based 

on the determination of the repeatability (intra-day assays) and of the intermediary precision (inter-

day assays) following the recommendations of the International Conference of Harmonisation 

(CPMP/ICH/281/96) and the International Union of Pure and Applied Chemistry (ISO 17025:2018 

and ISO 3534:2006 validation guidelines)(ICH, 1996; Thompson et al., 2002; IPAC, 2018). Precision 

ranged from 3.0 to 5.0% and accuracy from 81.0% to 124.0% for the calibration concentrations. 

 

Experimental setup 

Trials to determine feeding preferences and leaf consumption by L. atlanticus larvae and its 

growth and survival when fed with leaf litter previously exposed in the reference stream and in the 

metal-enriched stream were run in laboratory microcosms. Microcosms consisted of 8.5 × 8.0 × 6.5 
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cm containers supplied with a layer of 10 g ignited (8 h at 500 °C) sand (200 µm grain size), and 250 

mL of filtered stream water (0.7 µm-pore glass microfiber filter; Whatman GF/F, GE Healthcare 

Europe GmbH, Little Chalfont, U.K.), both from Ribeira do Folhado. One single pre-weighed larva 

(wet mass at 0.1 mg precision) was added to each experimental microcosm. Larvae wet mass varied 

between 40.0 – 50.0 mg, corresponding to 4.0 – 5.2 mg DM (Balibrea et al., 2017) across microcosms. 

Experimental trials were run inside a Sanyo versatile Environmental Test Chamber, MLR-351-H 

(Japan), where microcosms were kept with constant aeration at 12  0.5 °C, with a 10 h light:14 h 

dark photoperiod. 

 

Feeding preferences of L. atlanticus larvae 

To assess feeding preferences of L. atlanticus larvae, individuals were faced with two choice 

situations: (i) a choice among the three leaf species previously exposed either in the reference stream 

(reference leaves) or in the metal-enriched stream (metal-enriched leaves); and (ii) a choice between 

reference and metal-enriched leaves for each leaf species (Figure 3.4). For the first situation (i), there 

were 15 microcosms with reference leaves and 15 microcosms with metal-enriched leaves; each 

microcosm receiving one disc per leaf species, individually pinned into the sand. For the second 

situation (ii), 15 microcosms were set up for each leaf species; each microcosm received two discs 

from reference leaves and two discs from metal-enriched leaves, pinned into the sand in pairs of the 

same type. Additionally, small 0.5-mm mesh bags containing discs similar to those pinned into the 

sand were attached to the top of the microcosms with a clip; these discs were not accessible to the 

larvae, and mass loss was due to leaching and microbial activity (control discs) (Figure 3.4). 

Experiments ran until at least one of the exposed discs was consumed to half (approximately 72 h). 

Then, leaf discs exposed to larvae and control leaf discs were oven-dried (60 °C for 48 h) and weighed 

(0.1 mg precision) to determine the remaining DM. After being oven-dried (60 °C for 48 h), final 

larval DM was also determined (0.1 mg precision). 
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Relative consumption rate (RCR) was calculated as: (DM control disc (g) – DM accessible disc 

(g)) / larvae final DM (g) / time (days). Results were expressed as g leaf DM/g individual DM/day 

(Balibrea et al., 2017). 

 

Figure 3.4. Short-term trials scheme of no-choice treatment and multiple-choice treatment where larvae were 

exposed to reference and metal-enriched leaves at the same time.  

 

Consumption, growth and survival of L. atlanticus larvae 

Another trial was carried out over three weeks to assess the consumption, growth, and survival 

of L. atlanticus larvae. Ten microcosms per leaf species and leaf origin (reference and metal-enriched 

leaves) were set up (total n = 60). Each microcosm received four discs of a given treatment that were 

pinned into the sand and a small litter bag with similar discs that were not accessible to the larvae 

(control discs), as above (Figure 3.5). At the end of every week, water, sand, and leaf discs from each 

microcosm were replaced with new ones. Leaf discs were oven dried (60 °C for 48 h) and weighed 

(0.1 mg precision) at the end of each week to determine the remaining DM. Larval DM (mg) was 

estimated at the beginning of each week from wet mass (WM, mg) by the regression model DM = – 

0.963 + 0.124 × WM (n = 120, R2 = 0.87, P < 0.001; Balibrea et al. 2017). At the end of the trial, 

larvae were dried at 60 °C for 48 h and weighed (0.1 mg precision). 

Relative consumption rate (RCR) was determined as described above. Relative growth rate 

(RGR) was calculated as: (final larvae DM (mg) – initial larvae DM (mg) / final larvae DM (g) / time 

(days)). Results were expressed as mg individual DM/g individual DM/day (Balibrea et al., 2017). 

Survival was expressed as the percentage of individuals alive at the end of the experiment.  
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Figure 3.5. Long-term trials scheme where larvae were exposed to reference or metal-enriched leaves of each 

different leaf species. 

 

Data analysis 

Comparisons of physical and chemical characteristics among leaf species were done by one-

way analyses of variance (ANOVAs), followed by Tukey’s Honest Significant Difference (HSD) test 

when necessary. Comparisons of metal concentrations in water between streams were done by one-

way ANOVAs, and comparisons of metal concentrations in leaf litter among the three leaf species 

exposed in the two streams were done by two-way ANOVAs, followed by Tukey’s HSD test. RCRs 

were compared among the three leaf species for reference and for metal-enriched leaves (situation 

(i)) and between reference and metal-enriched leaves for each leaf species (situation (ii)) using 

Friedman’s test, followed by Wilcoxon Signed Rank test. Comparisons of RCR and RGR among 

treatments were done by three-way repeated measures ANOVAs (leaf species, leaf origin and time 

as factors). Fisher’s test was applied for post hoc multiple comparisons. Survival was analyzed using 

the Kaplan-Meier test, and comparison of survival curves was done by Log Rank (Mantel-Cox) test. 

Data conformed to assumptions of ANOVA (normality checked with Shapiro–Wilk test and 

homoscedasticity checked with Bartlett’s test). Alpha was 0.05 for all tests. Analyses were performed 

using STATISTICA 7 (StatSoft, Tulsa, OK, U.S.A.). 
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3.4 RESULTS 

Leaf litter and stream water characteristics 

The three leaf species exhibited distinct initial physical and chemical properties (Table 3.1 

and S15). Alnus glutinosa leaves were the softest, with the lowest polyphenol content, highest 

nitrogen concentration, and intermediate lignin levels. Ilex perado leaves had the lowest 

concentrations of lignin and nutrients (nitrogen and phosphorus) and moderate polyphenol levels. In 

contrast, Laurus azorica leaves displayed the highest concentrations of polyphenols and lignin, with 

intermediate nitrogen content (Table 3.1). 

Concentrations of Fe and Mn in the metal-enriched stream were significantly higher than in 

the reference stream, increasing approximately 5 for Fe and 90 for Mn. However, Al concentrations 

did not significantly differ between streams due to considerable within-stream variation (Table 3.2 

and S16).  

Table 3.1. Initial leaf litter chemical and physical characteristics (mean  SE, n = 3) for the three species used 

in the experiments. For each characteristic (line), leaf litter species with different letters significantly differ 

(one-way ANOVA followed by Tukey’s HSD test; *P<0.05, **P<0.01, ***P<0.001). DM, dry mass. 

Litter characteristics Alnus glutinosa Ilex perado Laurus azorica 

P (% DM) ** 0.10 ± <0.01 a 0.07 ± <0.01 b 0.16 ± 0.01 a 

N (% DM) *** 2.50 ± 0.10 a 0.80 ± 0.02 b 1.53 ± 0.04 c 

C (% DM) * 47.50 ± 1.00 a 49.45 ± 0.34 ab 50.62 ± 0.59 b 

Lignin (% DM) *** 35.80 ± 0.40 a 22.38 ± 1.43 b 40.98 ± 0.72 c 

Polyphenols (% DM) *** 3.50 ± 0.30 a 6.63 ± 0.23 b 12.26 ± 0.71 c 

Toughness (g) *** 107.20 ± 8.60 a 276.81 ± 6.49 b 266.15 ± 10.68 b 

 

Table 3.2. Metal concentrations (mean  SE, n = 3) in a stream with low metal concentration (reference 

stream) and in a stream naturally enriched with metals (metal-enriched stream). Comparisons between 

streams were made with one-way ANOVA (*P<0.05). 

Metal  Reference stream Metal-enriched stream 

Al (μg/L) 278 ± 1889 11975 ± 2776 

Fe(μg/L) * 104 ± 11 516 ± 64 

Mn (μg/L) * 2 ± 1 181 ± 26 

 

After the incubation period, leaves from the metal-enriched stream accumulated significantly 

higher metal concentrations than those from the reference stream (Table 3.3 and S17). The most 

pronounced differences were observed for Fe, which was 37 times more concentrated in L. azorica 
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metal-enriched leaves compared to reference leaves, 24 times higher in I. perado, and 12 times higher 

in A. glutinosa (Table 3.3). Across all treatments, Fe concentrations followed the order: A. glutinosa 

> I. perado > L. azorica, whereas Mn concentrations followed the order: I. perado > A. glutinosa > 

L. azorica. No significant differences in Al concentrations were found among leaf species (Table 3.3 

and S17).  

Table 3.3. Metal concentrations (mean  SE, n = 3) in leaf litter previously exposed (two weeks) in a stream 

with low metal concentration (reference leaves) and in a stream naturally enriched with metals (metal-

enriched leaves). For each metal (columns), leaf litter species with different letters significantly differ (two-

way ANOVA followed by Tukey’s HSD test; *P<0.05, **P<0.001). 

Leaf type Leaf species Al (μg/g) * Fe (μg/g) ** Mn (μg/g) ** 

Reference A. glutinosa 1239  ±  229 a 389  ±  7 a 65  ±  2 a 

leaves I. perado 1733  ±  204 a 162  ±  0 b 124  ±  2 b 

 L. azorica 1198  ±  83 a 88  ±  5 c 24  ±  0 c 

Metal A. glutinosa 1988  ±  67 b 4794  ±  28 d 70  ±  1 d 

enriched I. perado 2063  ±  48 b 3836  ±  79 e 142  ±  3 e 

leaves L. azorica 2311  ±  483 b 3255  ±  40 f 43  ±  2 f 

 

Feeding preferences of L. atlanticus larvae 

Shredders consumed all the leaf species offered. When given a choice among reference leaves, 

individuals significantly preferred A. glutinosa over the other two species (Wilcoxon Signed Rank 

test, P = 0.008; Figure 3.6 A). When given a choice among metal-enriched leaves, individuals 

preferred I. perado over L. azorica (Wilcoxon Signed Rank test, P = 0.008; Figure 3.6 B).  

When individuals were allowed to choose between reference and metal-enriched leaves, they 

preferred the former in the case of A. glutinosa and L. azorica (Friedman’s test, P < 0.001 and P = 

0.021 respectively; Table S18 and Figure 3.7), while no significant preference was found for I. perado 

(Friedman test, P = 0.109; Table S18 and Figure 3.7). 
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Figure 3.6. Relative consumption rates (RCR; mean ± SE, n = 15) of L. atlanticus individuals on each leaf 

species, when given a choice between the three leaf species previously exposed in a stream with low metal 

concentration (reference leaves; A) and in a stream naturally enriched with metals (metal-enriched leaves; 

B). Different letters indicate significant differences (Wilcoxon Signed Rank test, P<0.05). Adapted from 

Balibrea et al. (2023).  

 

 

 

Figure 3.7. Relative consumption rate (RCR; mean ± SE, n = 15) of L. atlanticus individuals on each leaf 

species when given a choice between leaves previously exposed in a stream with low metal concentration 

(reference leaves) or exposed in a stream naturally enriched with metals (metal-enriched leaves) for A. 

glutinosa (A), I. perado (B) and L. azorica (C). Different letters indicate significant differences (Wilcoxon 

Signed Rank test, P < 0.05). Adapted from Balibrea et al. (2023). 
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Consumption, growth and survival of L. atlanticus larvae 

Leaf species and stream significantly affected relative consumption rates (three-way repeated 

measures ANOVA, P < 0.001 and P = 0.028, respectively; Table S19), with a marginal significant 

interaction between both factors (P = 0.086). Overall, RCR were in the order A. glutinosa ~ I. perado 

> L. azorica for reference leaves and in the order A. glutinosa > I. perado > L. azorica for metal-

enriched leaves (Figure 3.8 A). Relative consumption rates were significantly higher for metal-

enriched than for reference A. glutinosa leaves (Fisher’s test, P = 0.004). Moreover, there was a 

significant interaction between leaf species and time (three-way repeated measures ANOVA, P = 

0.004; Table S19). Relative consumption rates increased over time for A. glutinosa reference and 

metal-enriched leaves (Fisher’s test, P = 0.026), while RCR for I. perado and L. azorica reference 

and metal-enriched leaves remained constant among the three weeks (P = 0.985 and P = 0.843, 

respectively) (Figure 3.9 A). 

 

Figure 3.8. Relative consumption rate (RCR; A) and relative growth rate (RGR; B) (mean ± SE, n = 10) of L. 

atlanticus individuals fed over three weeks with one of the three leaf species previously exposed in a stream 

with low metal concentration (reference leaves) and in a stream naturally enriched with metals (metal-

enriched leaves). Different letters indicate significant differences (three-way repeated measures ANOVA 

followed by Fisher’s test, P<0.05). Adapted from Balibrea et al. (2023). 

 

Relative growth rates significantly differed among leaf species (three-way repeated measures 

ANOVA, P < 0.001; Table S20), with overall RGR in the order: A. glutinosa ~ I. perado > L. azorica 

(Figure 3.8 B). Relative growth rates did not significantly differ between reference and metal-
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enriched leaves for any leaf species (three-way repeated measures ANOVA, P = 0.593; Table S20) 

(Figure 3.8 B). Growth rates differed over time (three-way repeated measures ANOVA, P < 0.001; 

Table S20), with values increasing over the incubation period (Figure 3.9 B). Negative growth rates 

(i.e., individuals lost mass) occurred during the first two weeks when larvae consumed L. azorica 

leaves (Figure 3.9 B). Survival was higher when individuals fed on A. glutinosa and I. perado leaves 

(90 %) than on L. azorica (80 %). Survival did not differ when shredders fed on reference or metal-

enriched leaves (80% – 90% across treatments; Log Rank (Mantel-Cox) test, P = 0.911). 

 

 

Figure 3.9. Relative consumption rate (RCR; A) and relative growth rate (RGR; B) (mean ± SE, n = 10) of L. 

atlanticus individuals fed over three weeks with one of the three leaf species previously exposed in a stream 

with low metal concentration (reference leaves) and in a stream naturally enriched with metals (metal-

enriched leaves). Adapted from Balibrea et al. (2023). 

 

3.5 DISCUSSION 

Leaf litter that had been previously exposed to a metal-enriched stream exhibited higher metal 

concentrations than reference leaves, confirming our first hypothesis. After the two-week incubation 

period, leaves from the metal-enriched stream were observed to be coated with precipitated metal 

oxides (A. Balibrea, personal observation). This pattern is consistent with previous studies, which 

have also reported elevated metal accumulation in coarse organic matter collected from streams 
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receiving metal-rich effluents compared to pristine environments (Breteler et al., 1981; Schaller et 

al., 2008; Sridhar et al., 2008; Liu et al., 2021). The variation in metal concentrations among different 

leaf species suggests that intrinsic litter characteristics may influence metal incorporation processes 

such as adsorption and absorption. Studies have shown that surface topography of substrates plays a 

key role in biological colonization (Mechaber et al., 1996; Dang et al., 2007; Kearns & Bärlocher, 

2008) and also in metal accumulation (Little, 1970). Consequently, rougher surfaces and the presence 

of cuticle appendages such as trichomes may increase the area available for metal adsorption. The 

fact that L. azorica exhibited the largest difference in Al, Fe, and Mn concentrations between metal-

enriched and reference leaves may be associated with the dense trichomes on the lower leaf surface 

and its relatively rougher texture. Conversely, A. glutinosa displayed the smallest difference in metal 

concentrations between metal-enriched and reference leaves, which is likely due to its smoother 

cuticle and fewer appendages. Future research should focus on quantifying the characteristics of leaf 

surfaces and mesophyll structure to better understand the metal adsorption and absorption capacities 

of different leaf species. Additionally, Fe exhibited the highest difference in concentration between 

metal-enriched and reference leaves across all three leaf species, which is likely attributed to its strong 

precipitation capacity. 

After stream incubation, leaf litter was analysed exclusively for metal concentrations. While 

nutritional quality was assessed before conditioning, it remains possible that differences in nutrient 

content, structural components, and secondary compounds between streams arose due to variations 

in leaching and microbial conditioning. However, if such differences were present, they were likely 

more pronounced in the reference stream than in the metal-enriched stream, as metal precipitates 

could have inhibited leaching and microbial colonization in the latter. As a result, following the 

incubation period, the nutritional quality of leaf litter was likely lower in the metal-enriched stream 

than in the reference stream. Investigating the effects of leaf litter conditioning on changes in 

nutritional quality and microbial colonization in naturally metal-enriched streams would enhance our 

understanding of the trophic interactions between detrital resources and consumers. Future studies 
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should explore the broader implications of metal contamination on the trophic and functional ecology 

of stream ecosystems. 

In the short-term feeding preference trials, L. atlanticus larvae exhibited a clear preference for 

reference over metal-enriched leaves when feeding on A. glutinosa and L. azorica, supporting our 

second hypothesis. A similar feeding pattern has been observed in Sericostoma vittatum Rambur, 

which preferred reference Quercus robur L. leaves over uranium-enriched ones in laboratory 

experiments (Gonçalves et al., 2011). The observed feeding preferences likely reflect both the 

negative impact of metal contamination and the reduced microbial colonization of metal-enriched 

leaves, which together lower the palatability of these resources compared to reference leaves. When 

leaf litter is well colonized, microbial enzymatic activity weakens its structural integrity, microbial 

biomass accumulation enhances its nutrient content, and exoenzymes facilitate digestion for 

consumers (Duarte et al., 2008; Fernandes, 2008; Ferreira et al., 2015; Raposeiro et al., 2018). These 

microbial processes generally increase litter palatability for shredders (Arsuffi & Suberkropp, 1988; 

Chung & Suberkropp, 2009). In contrast, when larvae were presented with a choice between reference 

and metal-enriched I. perado leaves, no significant preference was observed. This unexpected result 

is likely due to the detachment of the cuticle from the mesophyll in I. perado leaf discs (Figure S2), 

which enabled larvae to feed directly on the mesophyll, bypassing the potential inhibitory effects of 

the cuticle and metal deposits. Cuticle detachment, which occurred consistently across all 

experiments, was likely an artifact caused by damage from the cork borer used to extract the leaf 

discs. However, in natural stream conditions, small fragments of I. perado leaves that undergo 

perimeter damage from invertebrate feeding or physical abrasion may also experience cuticle loss, 

making them more palatable to shredders. 

During the long-term (three-week) experiment, larvae exhibited higher consumption rates for 

metal-enriched A. glutinosa leaves than for reference leaves, which was unexpected. Despite this 

increased consumption, larval growth remained similar between treatments, suggesting that 

compensatory feeding may have occurred on metal-enriched leaves. This behavior, in which 

organisms consume greater amounts of a lower-quality food source to meet their nutritional needs, 
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has been documented in previous studies (Carvalho & Graça, 2007). Although larvae consumed more 

metal-enriched leaves, their growth was likely constrained by metal toxicity. Therefore, these results 

did not support our second hypothesis. Similar compensatory feeding behaviors have been reported 

in Deleatidium spp. exposed to low-quality food in acidic New Zealand streams (Collier & 

Winterbourn, 1990). Additionally, Nemurella picteti Klapalek and other shredders have been shown 

to adjust their consumption rates to offset poor resource quality in acidic streams (Winterbourn et al., 

1985). This feeding plasticity may be an adaptive strategy in resource-limited environments, allowing 

consumers to adopt a more generalist or opportunistic feeding behavior that includes lower-quality 

food sources (Iversen, 1974; Arsuffi & Suberkropp, 1989). In contrast, other studies have 

demonstrated that metal accumulation in leaf litter can inhibit shredder consumption, ultimately 

reducing decomposition rates (Quinn et al., 2000; Irving et al., 2003; Gonçalves et al., 2011; Johnson 

et al., 2014). Metal toxicity may directly affect shredder physiology (Carvalho and Graça, 2007) 

and/or inhibit microbial colonization of leaf litter (Schlief & Mutz, 2006; Niyogi et al., 2013), thereby 

reducing food quality. No significant differences in consumption or growth were detected for larvae 

fed on I. perado and L. azorica leaves, which was also surprising. For I. perado, this lack of difference 

is likely due to the previously discussed cuticle detachment, which facilitated direct feeding on the 

mesophyll and mitigated potential inhibitory effects of metal adsorption. For L. azorica, the absence 

of significant effects of metal enrichment on consumption and growth likely results from its 

inherently poor nutritional quality (high lignin and polyphenol content), which limited larval feeding 

regardless of metal presence. This species is known for its high concentration of essential oils (Pedro 

et al., 2001; Rosa et al., 2010; Furtado et al., 2014), which likely further constrained its palatability. 

Survival rates over the three-week period did not differ significantly between larvae fed on 

reference and metal-enriched leaves, suggesting a certain degree of tolerance to metal exposure 

through food ingestion. However, additional research is necessary to determine whether L. atlanticus 

has developed physiological adaptations to cope with high metal concentrations or whether the 

duration of the experiment was insufficient to detect chronic toxicity effects. Future studies should 
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examine metal bioaccumulation in larvae and assess sublethal effects on physiological parameters to 

better understand the ecological consequences of metal contamination. 

Larvae exhibited a clear preference for A. glutinosa and I. perado over the more recalcitrant 

L. azorica leaves, which aligns with our third hypothesis. It is well established that shredder feeding 

preferences are primarily influenced by the physical and chemical properties of leaf litter, with soft, 

nutrient-rich leaves being favored over tougher, chemically defended, and nutrient-poor alternatives 

(Canhoto & Graça, 1995; Balibrea et al., 2017; Simões et al., 2021). Among the three species, A. 

glutinosa leaves were the softest, had the highest nitrogen content, and the lowest polyphenol 

concentration, making them a highly palatable resource for L. atlanticus. This is consistent with 

previous research demonstrating that shredders exhibit higher consumption and growth rates when 

fed A. glutinosa compared to other leaf species (Irons et al., 1988; Friberg & Jacobsen, 1994; 

González & Graça, 2003). Despite I. perado leaves being the toughest and having the lowest nutrient 

concentrations, they were well consumed and supported high larval growth rates, likely due to the 

accessibility of the mesophyll following cuticle detachment, as discussed previously. In contrast, the 

poor performance of larvae feeding on L. azorica, in terms of both consumption and growth, can 

likely be attributed to the high concentration of secondary compounds, including polyphenols and 

essential oils (Rosa et al., 2010; Furtado et al., 2014). This suggests that L. azorica is not a suitable 

long-term food source for L. atlanticus larvae. These findings are in line with prior studies indicating 

that secondary metabolites in leaf litter can negatively impact larval growth and reduce nutrient 

assimilation efficiency in shredders (Friberg & Jacobsen, 1994; Carvalho & Graça, 2007). Streams 

inhabited by L. atlanticus are characterized by the presence of recalcitrant leaf litter from endemic 

species such as I. perado and L. azorica. While larvae may be accustomed to these leaf species, this 

did not influence their preference for the higher-quality A. glutinosa litter. The concept of a home-

field advantage, where consumers perform better on locally available leaf litter, typically applies 

when native leaf litter is of comparable or superior quality to alternative sources, which was not the 

case in this study. Lower survival rates were recorded for larvae feeding on L. azorica, although 

differences were not statistically significant between treatments. However, mortality occurred from 
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the first week of the experiment in this treatment, suggesting that intrinsic properties of L. azorica, 

particularly its high concentrations of secondary compounds, may have toxic effects on larvae. 

Supporting this, essential oils extracted from L. azorica leaves have been shown to exert strong 

insecticidal effects on the larvae of Pseudaletia unipuncta Haworth (Lepidoptera) (Rosa et al., 2010) 

and the adults of Ceratitis capitata Wiedemann (Diptera) (Furtado et al., 2014). This pattern may be 

representative of Azorean streams, where riparian vegetation is predominantly composed of 

sclerophyllous evergreen species rich in secondary metabolites that could be detrimental to 

invertebrates (Dias et al., 2007; Rosa et al., 2010; Balibrea et al., 2017). This could help explain the 

relatively low diversity and abundance of shredder species observed in these stream ecosystems 

(Raposeiro et al., 2012). 

To conclude, this study suggests that, in Azorean streams, the impact of metal enrichment on 

shredder performance is relatively minor compared to the influence of the intrinsic characteristics of 

the leaf litter. Exposure of native I. perado and L. azorica leaves to metals, and the subsequent 

increase in their metal concentrations, did not significantly affect larval feeding or growth. However, 

caution is needed when interpreting results for I. perado, as experimental artifacts related to cuticle 

detachment may have influenced larval consumption patterns. The most notable effects of metal 

enrichment on shredders were observed in larvae fed on A. glutinosa, an exotic species not commonly 

found in Azorean stream riparian vegetation. Despite this, including A. glutinosa in the study provided 

valuable insights into the interplay between metal enrichment and leaf litter quality. Overall, our 

findings indicate that the recalcitrant nature of native leaf species is a stronger determinant of shredder 

performance than metal contamination. The higher consumption and growth rates observed in larvae 

feeding on high-quality litter, such as A. glutinosa, reinforce the idea that leaf litter quality plays a 

central role in consumer-resource interactions. In this context, the presence of recalcitrant native leaf 

litter appears to buffer the effects of metal enrichment on detrital consumers, reducing the overall 

impact of metal contamination in these stream ecosystems. 
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Chapter 4 

Effects of leaf litter naturally enriched 

with metals on microbial decomposers 

activity and community structure.  
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4.1 ABSTRACT 

Streams naturally enriched with metals are common in regions with active volcanism, where 

geochemical processes release high concentrations of metals into the water. The high acidity and 

metal levels of these streams can significantly affect aquatic communities and processes. However, 

the impact of metal enrichment on microbial decomposers and leaf litter decomposition remains 

poorly understood in these environments. In this study, we incubated leaf litter of Clethra arborea 

for two weeks in two streams differing in metal concentrations: a reference stream with low metal 

concentration and a metal-enriched stream with high metal concentrations. After the incubation 

period in the streams, leaf litter was incubated for 90 days in laboratory microcosms with six water 

treatments, representing a gradient of metal concentrations: 100% (only metal-enriched stream 

water), 75%, 50%, 25%, 10%, and 0% (only reference stream water). Microbial decomposer response 

to leaf litter type (two levels) and water treatments (six levels) was assessed through leaf litter mass 

remaining and aquatic hyphomycetes sporulation rate, taxa richness and community structure. Results 

showed that leaf litter mass remaining did not differ between reference and metal-enriched leaves, 

however leaf decomposition declined with increasing metal concentrations in water, for both leaf 

types. Sporulation rates of aquatic hyphomycetes were significantly reduced in metal-enriched than 

reference leaves and in high-metal water treatments, indicating that fungal reproductive activity was 

negatively affected by metal enrichment. Taxa richness did not differ significantly across leaf and 

water treatments, though community composition was altered in response to metal exposure, with 

some fungal species showing greater resilience to high-metal conditions. These findings highlight the 

detrimental effects of metal enrichment on microbial-driven organic matter decomposition and on 

microbial decomposer community structure, suggesting that ecosystem functioning processes in 

naturally metal-enriched streams may differ from those in reference streams due to potentially lower 

decomposer efficiency. 
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4.2 INTRODUCTION 

Riparian habitats are important linkages for energy flow between terrestrial and aquatic 

ecosystems, channelling essential organic inputs such as leaves, twigs, and dissolved organic 

compounds into water bodies (Gregory et al., 1991; Naiman & Décamps, 1997). The decomposition 

of this terrestrial organic matter is a fundamental ecosystem process that fuels aquatic food webs and 

drives nutrient cycling (Wallace et al., 1997; Webster & Meyer, 1997; Hieber & Gessner, 2002). 

These allochthonous inputs not only provide the primary energy source but also help maintain the 

structural and functional integrity of stream ecosystems (Richardson & Moore, 2010; Ferreira et al., 

2023a). Organic matter inputs quality is essential for sustaining aquatic communities, as both 

microbial decomposers (mainly aquatic hyphomycetes) and shredders select substrates based on their 

chemical and physical properties (Abelho & Graça, 1996; Graça & Cressa, 2010). Thus, high-quality 

organic matter, typically characterized by high nutrient concentration and low recalcitrance, is 

preferentially consumed thereby facilitating efficient nutrient cycling and energy transfer within 

aquatic systems (Graça, 2001; Ferreira et al., 2016a; Balibrea et al., 2020a). 

Once in, water chemistry can affect organic matter quality and consequently its decomposition 

mediated by decomposer communities. Parameters such as pH, redox conditions, CO2 concentrations, 

nutrient availability may alter the inherent quality of allochthonous inputs even before they are 

processed by aquatic organisms (Ferreira & Chauvet, 2011a; Suseela et al., 2014; Zhang et al., 2019). 

Metal contamination of water, which may arise from industrial, mining or agricultural activities 

(Batty & Hallberg, 2010; Hogsden & Harding, 2012), can profoundly affect aquatic decomposers 

activity, particularly that of microbial decomposers (Ferreira et al., 2016b; Burdon et al., 2020; Niu 

et al., 2024). Natural metal enrichment in streams often occur in regions with active volcanism 

(Juncos et al., 2016; Viaroli et al., 2016). This is the case of the Azores archipelago, where streams 

are characteristically acidic and contain elevated levels of metals like iron (Fe), aluminium (Al), 

manganese (Mn), copper (Cu), and zinc (Zn) (Cruz et al., 1999; Gonçalves et al., 2016; Balibrea et 

al., 2023). In these environments, metal oxide and metal hydroxide precipitates can be adsorbed onto 
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leaf litter surfaces during stream conditioning, altering both the physical structure and chemical 

reactivity of the substrate (Roussel et al., 2008; Duarte et al., 2008; Sridhar and Bärlocher, 2011; 

Funck et al., 2013a). These modifications may reduce litter palatability and inhibits microbial 

colonization, ultimately affecting shredder consumption (Schlief and Mutz, 2006; Gonçalves et al., 

2011; Batista et al., 2012; Niyogi et al., 2013; Funck et al., 2013b). High metal concentrations in 

water and the presence of metal oxides precipitates on substrates typically inhibit microbial activity 

(Sridhar et al., 2001; Niyogi et al., 2002b), while low concentrations of certain metals dissolved in 

water may enhance microbial decomposition by acting as enzymatic cofactors (Johnson, 1998; Pu et 

al., 2014; Batista et al., 2017; Batista et al., 2020). Additionally, metals can indirectly affect microbial 

activity by disrupting enzymatic pathways essential for decomposition, interfering with enzymatic 

activity by inducing oxidative stress and disrupting cell membranes (Sridhar et al., 2001; Krauss et 

al., 2005; Azevedo et al., 2007; Duarte et al., 2008). The long exposure to elevated metal 

concentration can inhibited reproduction of aquatic fungi and reduce species richness by favouring 

opportunistic taxa over more sensitive species (Baudoin et al., 2008; Moreirinha et al., 2011; 

Bergmann & Graça, 2020; Bertol et al., 2022). It has been shown that aquatic hyphomycete 

communities can be used as sensitive and integrative indicators of freshwater quality. However, the 

effects of metal enrichment on aquatic hyphomycete decomposer activity, growth and reproduction 

are complex and nonlinear (Sridhar et al., 2005; Solé et al., 2008; Ferreira et al., 2012; Ferreira et al., 

2016; Run et al., 2022). Such changes not only hinder decomposition processes but also compromise 

the overall function and resilience of freshwater ecosystems. These variable responses underscore the 

importance of understanding the interactions between metal concentrations in substrates and water, 

substrate quality and microbial-driven decomposition. 

This study provides a comprehensive overview of how natural metal enrichment in streams 

affects microbial-driven organic matter decomposition and the structure of aquatic hyphomycetes 

communities. For that, we incubated leaf litter of Clethra arborea Aiton for two weeks in two streams 

differing in metal concentrations, a stream with low metal concentrations (reference stream) and in a 
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stream naturally enriched with high metal concentrations (metal-enriched stream). Subsequently, a 

microcosm experiment was run under laboratory conditions where two leaf treatments (reference 

leaves and metal-enriched leaves) were crossed with six water treatments (100% –only metal-

enriched stream water, 75%, 50%, 25%, 10% and 0%– only reference stream water) to assess 

microbial decomposer response through leaf litter mass remaining, aquatic hyphomycetes sporulation 

rate, taxa richness and community structure. We hypothesized that (1) metal concentrations would be 

higher for leaf litter incubated in the metal-enriched stream than in the reference stream; (2) leaf litter 

mass remaining would be higher in metal-enriched than in reference leaves; and that (3) faster 

decomposition would occur at lower than higher water metal concentration. Furthermore, we 

hypothesized that microbial activity and taxa richness would be affected by metal concentration in 

leaves and water and thus (4) aquatic hyphomycete sporulation rates would be higher at reference 

than metal-enriched leaves and at lower than higher water metal concentration; (5) taxa richness 

would be higher in reference than metal-enriched leaves and at lower than higher water metal 

concentration, and also that (6) aquatic hyphomycetes community structure would differ between leaf 

and water treatments. 

 

4.3 MATERIALS AND METHODS 

Leaf litter 

For the experiment, leaves from Clethra arborea Aiton, an exotic perennial tree species 

commonly found in Azorean riparian vegetation, were selected as substrate. In autumn 2021, leaves 

were directly collected from trees in Planalto dos Graminhais (37º49’04.09’’N, 25º14’28.94’’W; 692 

m above sea level). They were then transported to the laboratory, air-dried and stored in the dark. 

Nutrients contents (phosphorus, nitrogen, and carbon) were quantified before the beginning of the 

experiment from oven-dried (60 °C) leaf powder (< 5 mm) and results were expressed as a percentage 

of dry mass (DM). To determine phosphorus concentration, ca. 3.6 mg of leaf powder (0.1 mg 

precision) was incubated with sodium persulphate and sodium hydroxide in the autoclave. 
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Phosphorus concentrations were assessed from liquid samples using the ascorbic acid method and 

spectrophotometry (Bärlocher et al., 2020). To create a calibration curve, additional samples with 

known phosphorus concentrations ranging from 0 to 1000 mg/L were processed similarly and used 

to establish a linear regression model correlating absorbance with phosphorus concentration, with a 

R² value of 1.00. Nitrogen and carbon concentrations were measured directly from ca. 500 μg of leaf 

powder (with a precision of 0.1 μg) using an Elemental Analyzer/Isotope Ratio Mass Spectrometer 

(EA/IRMS; IRMS Thermo Delta V advantage with a Flash EA-1112 series, Thermo Fisher Scientific 

Inc., USA). The IRMS calibration was performed regularly, ensuring that current measurements align 

with international and laboratory standards within ± 1‰ accuracy. For quality assurance, acetanilide 

standards (71.09% C, 10.36% N) were included at the start, after every 20 samples and at the end of 

each analytical run (a continuous sequence of sample analyses). Replicate reference materials 

exhibited a variation of ≤ 0.2 ‰, ensuring acceptable precision (Bärlocher et al., 2020). 

 

Leaf litter conditioning  

Leaf discs of 12-mm diameter were cut with a cork borer, avoiding the main vein, from leaves 

pre-moistened with distilled water for 30 min (Figure 4.1). Leaf discs were oven-dried (60 °C for 48 

h) and weighed (0.1 mg precision) in sets of 20 discs to determine initial discs DM. Sets of leaf discs 

were enclosed in 0.5-mm mesh bags (Figure 4.1) and incubated for two weeks in two streams differing 

in metal concentrations (reference leaves and metal-enriched leaves) (Figure 4.2). The incubation 

process ensured the leaching of leaf soluble compounds, colonization by microbial decomposers and 

adsorption of metals.  

The selected incubation sites were two tributaries of Ribeira Grande stream, located in 

Lombadas valley on the northeast hillside of Lake Fogo, in São Miguel Island, Azores. The site with 

low metal concentration (reference site; 37°46’28’’N, 25°27’32’’W; 601 m above sea level) was 

slightly acidic, had low conductivity and low nutrient concentration. The site with high metal 

concentration originating from volcanic emissions (metal-enriched site; 37°46’32’’N, 25°27’34’’W; 
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582 m above sea level) was slightly acidic, poorly mineralized, had high conductivity and low nutrient 

concentration (Balibrea et al., 2023)(Figure 4.2).  

 

Figure 4.1. Moistened leaves of Clethra arborea(A); leaf discs of C. arborea cut with corkborer (B); mesh 

bags for leaf discs incubation (C).  

 

 

Figure 4.2. Incubation sites in the stream with low metal concentration (reference stream, A) and in a stream 

naturally enriched with metals (metal-enriched stream, B). Photos were taken on 1st February 2022. 
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After the incubation period, leaf disc sets deployed in the streams were transported to the 

laboratory in a cooler for experimental setup (explained below). Moreover, metal concentrations in 

leaves were determined before and after the conditioning period and expressed in μg/g of leaf DM. 

Metals considered for analyses were those most abundant in the metal-enriched stream (aluminum, 

iron and manganese; Gonçalves et al. 2015b) and were determined by atomic absorption spectrometry 

with stoichiometric flame atomization. The precision of the analytical method was based on the 

determination of the repeatability (intra-day assays) and of the intermediary precision (inter-day 

assays) following the recommendations of the International Conference of Harmonisation 

(CPMP/ICH/281/96) and the International Union of Pure and Applied Chemistry (ISO 17025:2018 

and ISO 3534:2006 validation guidelines) (ICH, 1996; Thompson et al., 2002; IPAC, 2018). Precision 

ranged from 3.0 to 5.0% and accuracy from 81.0% to 124.0% for the calibration concentrations. 

 

Water variables  

Temperature, electrical conductivity, pH and dissolved oxygen were measured with a 

multiparametric field probe (Horiba model U-52G, Horiba Instruments, UK) at the beginning and at 

the end of conditioning period (1st and 15th February 2022). Water samples were collected from both 

sites at the beginning and at the end of the conditioning period, transported to the laboratory, filtered 

(47-mm diameter, 1.2-μm pore size; Whatman GF/C, GE Healthcare Europe GmbH, Little Chalfont, 

UK) and frozen until analyzed. 

Nutrient concentrations (nitrate, ammonium, total nitrogen, phosphate and total phosphorous) 

were determined using a Continuous Flow Analyser Skalar San++ (Skalar Analytical B.V., Breda, 

The Netherlands) with segmented flow analysis (SFA) according to Skalar methods M461-318 (EPA 

353.2) for nitrate and total nitrogen, M155-008R (EPA 350.1) for ammonium and M503-555R 

(Standard Method 450-P I) for phosphate and total phosphorus. Metal concentrations (aluminum, iron 

and manganese) were determined as explained above for leaf samples. Water and leaf analyses were 

done at MARINNOVA—Marine and Environmental Innovation, Technology and Services, Porto. 

Technical problems resulted in the loss of water replicates for nutrients and metal analyses. 
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Experimental setup 

Trials to assess the effects metal concentration on aquatic hyphomycetes (methods adapted from 

Biasi et al. 2017; Pazianoto et al. 2019) were run in microcosms under controlled laboratory 

conditions. Microcosm consisted of 100-mL Erlenmeyer flasks supplied with 40 mL of stream water 

representing a gradient of metal concentration (n=144). This gradient was obtained by dilution of 

water from the stream site with high metal concentration (metal-enriched stream) with water of low 

metal concentration (reference stream). There were six water treatments in total: 100% (only metal-

enriched stream water), 75%, 50%, 25%, 10% and 0% (only reference stream water). Before 

dilutions, stream water for each site was filtered (47-mm diameter, 1.2-μm pore size; Whatman GF/C, 

GE Healthcare Europe GmbH, Little Chalfont, UK). 

 

 

Figure 4.3. Leaf discs incubated in metal- enriched and reference stream after incubation period (A); 

microcosms consisted of Erlenmeyer flasks with different stream water treatments and leaf discs incubated in 

metal-enriched and reference streams (B); microcosms deployed in an orbital shaker with continue agitation 

inside an environmental test chamber (C).  

 

Each microcosm received a group of 20 leaf discs, incubated in enriched or reference stream 

sites. Therefore, there were two litter treatments (reference leaves and metal-enriched leaves) crossed 
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with six water treatments. Microcosms were randomly displayed on orbital shakers (100 rpm) (VWR 

Standard 3500 Orbital Shaker, VWR, USA) and experimental trials were run inside an Environmental 

Test Chamber (Economic Lux Chamber EC01-094, Snijders Scientific B.V., Tilburg, Holland) set at 

13 °C and with a 10 h light:14 h dark photoperiod (Figure 4.3). Water was replaced twice a week. On 

each of three sampling dates (day 14, 43 and 90), 4 microcosms for each water and leaf treatment 

combination (n=48) were retrieved for analysis. 

 

Leaf litter decomposition 

At each sampling date, leaf discs from sacrificed microcosms were oven dried (60 °C for 48 h) 

and weighed (0.1 mg precision) to determine final DM. Dry leaf discs were ignited in a muffle (500 

°C for 4h) and ashes were weighed. Ash-free dry mass (AFDM) remaining was calculated as the 

difference between DM and ash mass (Figure 4.4). The percentage of AFDM remaining was 

calculated as final AFDM/initial AFDM  100. Initial AFDM was estimated by multiplying the initial 

DM of leaves before conditioning by a conversion factor derived from additional sets of discs 

deployed in each stream for incubation process.  

 

Figure 4.4. Leaf discs deployed in pre-weighed pans at the end of each sampling dates for oven-dried inside 

and oven (A); leaf discs inside a muffle for ignition process (B); ashes from metal-enriched and reference leaf 

discs after ignition (C).  
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Conidial production 

Conidial suspensions from sacrificed microcosms were preserved with 2 mL of 37% formalin 

in graduated tubes and stored in the dark until processed (Figure 4.5). The exact time that conidial 

suspensions were in the microcosms (from last water replacement to the sampling date) was recorded. 

Before conidial counting and identification, suspensions were gently shaken, transferred into a beaker 

with 100 mL of Triton X-100 solution (0.5%) and homogenized with a magnetic stirring bar. Aliquots 

of the suspensions were filtered with cellulose nitrate filters (25-mm diameter, 5-μm pore size; 

SMWP, Merk Millipore Ltd. Cork, Ireland). Cotton blue in 60% lactic acid (0.05%) was used to stain 

the filters that were mounted on a microscope slide (Figure 4.5). Spores were identified and counted 

under a microscope (Leica DM2500 Led, Leica Microsystems CMS GmbH, Wetzlar, Germany) at 

200 magnification (Descals, 2020). Sporulation rates by aquatic hyphomycetes were expressed as 

the number of spores released per mg AFDM per day. Aquatic hyphomycete taxa richness was 

expressed as number of taxa per sample. 

 

 

Figure 4.5. Conidial suspension from each microcosm fixed with 37% formalin and storage inside graduated 

tubes (A); system for filtering aliquots of conidial suspension with cellulose nitrate filters (B); filters stained 

with cotton blue in lactic acid for microscope slides preparation for spores counting and identification under 

microscope (C).  

 

Statistical analysis 

Water characteristics measured with field probe were compared between incubation sites using 

one-way analysis of variance (ANOVA). Metal concentrations in leaf litter were compared between 
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leaf treatments (reference leaves and metal-enriched leaves) and sampling occasions (between before 

and after leaf litter incubation) using one-way ANOVA, followed by Tukey´s HSD test when 

significant effects were detected. 

Comparisons of leaf litter decomposition among water treatments (100%, 75%, 50%, 25%, 10% 

and 0%), leaf treatments (reference leaves and metal-enriched leaves) and sampling dates (day 14, 43 

and 90) were done based on proportion of AFDM remaining using two-way repeated measures 

ANOVA, followed by Tukey’s HSD test when significant effects were detected. 

Aquatic hyphomycete sporulation rates and taxa richness were compared among water 

treatments, leaf treatments and sampling dates by two-way repeated measures ANOVA, followed by 

Tukey’s HSD test. Aquatic hyphomycete communities (based on log (x + 1)-transformed specific 

spore production; fourth root-transformed) were compared among water treatments, leaf treatments 

and sampling dates by permutational multivariate analysis of variance (PERMANOVA) based on 

Bray-Curtis similarity matrix followed by pairwise tests. Similarity analysis (SIMPER) was also used 

to identify the species contributing more to dissimilarities between groups. 

Data were checked for homoscedasticity (Bartlett’s test) and normality (Shapiro-Wilk test) 

before analyses. Univariate analyses were performed using STATISTICA 7 (StatSoft, Tulsa, OK, 

USA) and IBM SPSS Statistics version 28.0 (IBM Corp., Armonk, NY, USA); community analyses 

were performed using PRIMER 6 v6.1.11 & PERMANOVA + v1.0.1 (Primer-E Ltd, Plymouth, UK). 

 

4.4 RESULTS 

Characterization of stream water and leaves 

During leaf litter incubation in the streams, water temperature, pH, conductivity, total dissolved 

solids and dissolved oxygen concentration significantly differed between reference and metal-

enriched streams (one-way ANOVA, P<0.05; Table 4.1 and S21). Water temperature was cool but 

significantly lower for the reference than the metal-enriched stream (one-way ANOVA, P<0.001; 

Table 4.1 and S21). pH values were acidic but significantly higher for the reference than the metal-

enriched stream (one-way ANOVA, P=0.009; Table 4.1 and S21). Conductivity and total dissolved 
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solids were low in the reference stream and moderate in the metal-enriched, and the difference was 

significantly (one-way ANOVA, P<0.001; Table 4.1 and S21). Dissolved oxygen concentrations 

were moderate and significantly higher in the reference site (one-way ANOVA, P=0.029; Table 4.1 

and S21). Concentration of total nitrogen, ammonium and total phosphorous seemed similar in both 

reference and metal-enriched streams, while nitrate concentrations were higher in the reference 

stream (Table 4.1). Metal concentrations were higher in the metal-enriched than in the reference 

stream, however significant differences were only found in aluminum (4) (one-way ANOVA, 

P=0.009) and iron (10) (one-way ANOVA, P=0.007) (Table 4.1 and S21). 

Metal concentration significantly differed between leaf types (one-way ANOVA, P<0.001 for 

Al, Fe and Mn; Table 4.2 and S22). Metal concentrations were significantly higher in metal-enriched 

than in reference leaves (4 for Al, 111 Fe and 9 Mn) or leaves before incubation (48 for Al, 1944 

 Fe and 22 Mn) (Table 4.2 and S22). Metal concentrations did not significantly differ between 

reference leaves and leaves before incubation (Tukey test, P=0.124 for Al, P=0.990 for Fe and 

P=0.597 for Mn), although concentrations tended to be higher in reference leaves (Table 4.2). 

 

Table 4.1. Physical and chemical characteristics, nutrient and metal concentration of reference stream and 

metal-enriched stream water at first and fourteenth day of incubation. For physical and chemical parameters 

values are mean ± SE of each stream site and date (n=5). For nutrient concentration samples were only 

collected at one date. For metal concentration values are mean± SE of each stream site and date (n=2). TDS, 

total dissolved solids 

Water parameters Reference stream Metal-enriched stream 

Temperature (°C) 11.72 ± 0.18 a 15.24 ± 0.40 b 

pH  6.06 ± 0.14 a 5.63 ± 0.03 b 

Conductivity (µS/cm) 84.90 ± 3.80 a 217.20 ± 24.50 b 

TDS (mg/L) 42.40 ± 1.98 a 108.40 ± 12.20 b 

DO (%) 74.75 ± 2.14 a 69.76 ± 3.86 a 

DO (mg/L) 7.67 ± 0.18 a 6.65 ± 0.39 a 

N total (μg/L) 313     321     

NO3
- (μg/L) 167     74     

NH3
+ + NH4

+ (μg/L) 47     48     

P total (μg/L) 2719     2960     

P2O5 (μg/L) 21.90    x     

Al (μg/L) 2345.50 ± 123.50 a 9819.50 ± 715.50 b 

Fe (μg/L) 349.50 ± 113.50 a 2325.50 ± 125.50 b 

Mn (μg/L) 16.00 ± 1.00 a 238.00 ± 118.00 a 
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Table 4.2. Metal concentrations (mean ± SE, n = 3) in leaves before incubation period and after incubation 

(two weeks) in a stream with low metal concentration (reference leaves) and in a stream naturally enriched 

with metals (metal-enriched leaves). 

Leaves Al (μg/g DM) Fe (μg/g DM) Mn (μg/g DM) 

Leaves before incubation 30.2 ± 1.0 a 31.0 ± 4.2 a 31.6 ± 1.0 a 

Reference leaves 338.3 ± 26.9 a 540.5 ± 69.0 a 74.4 ± 8.1 a 

Metal-enriched leaves 1444.5 ± 182.7 b 60274.4 ± 3838.6 b 683.8 ± 53.0 b 

 

Leaf mass remaining 

Leaf mass remaining decreased gradually over the incubation period for all treatments (two-

way repeated measures ANOVA, P<0.001; Table S23 and Figure 4.6). Mass remaining was 

significantly affected by water treatment (two-way repeated measures ANOVA, P<0.001; Table S23 

and Figure 4.6) but it did not significantly differ between reference and metal-enriched leaves 

(P=0.361; Table S23 and Figure 4.6). Moreover, there was a significant interaction between leaf and 

water treatments (two-way repeated measures ANOVA, P<0.001; Table S23). Along the experiment 

leaf mass remaining was significantly lower in reference than in metal enriched leaves at 0% and 25% 

water treatments (Tukey test, P= 0.019 and P=0.009, respectively). Leaf mass remaining was also 

significantly lower in 0% water treatment than the75% and 100% water treatments for reference 

leaves (Tukey test, P=0.002 and P=0.002, respectively).  

At the end of the experiment (day 90), mass remaining was significant affected by the leaf 

treatment (two-way ANOVA, P=0.032), water treatment (P<0.001) and the interaction between both 

(P=0.006) (Table S24). Mass remaining of reference leaves tended to increase from low-metal to 

high-metal water treatments, showing significant differences between the lowest metal concentration 

(0%) and 25%, 75% and 100% water treatments (Tukey test, P<0.001; Figure 4.7). Metal enriched 

leaves had higher mass remaining at the 100% than at the 25% water treatment (Tukey test, P=0.01; 

Figure 4.7). Moreover, reference leaves showed significant lower mass remaining than metal-

enriched leaves at 0% water treatment (Tukey test, P=0.016; Figure 4.7). 
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Figure 4.6. Ash-free dry mass (AFDM) remaining (mean ± SE, n=4) of clethra leaf discs across two leaf 

treatments (reference and metal-enriched leaves) and the six water treatments (0%, 10%, 25%, 50%, 75% and 

100%) after 15, 43 and 90 days. 
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Figure 4.7. Ash-free dry mass (AFDM) remaining (mean ± SE, n=4) of clethra leaf discs across two 

leaf treatments (reference and metal-enriched leaves) and the six water treatments (0%, 10%, 25%, 

50%, 75% and 100%) at the end of the experiment (day 90). 

 

Aquatic hyphomycete communities 

Sporulation rates peaked at day 43 for all treatments, with maximum values of 468 – 584 

conidia/mg AFDM/d for 0%–25% water treatments across leaf treatments (Figure 4.8). Sporulation 

rates were significantly affected by leaf treatment, water treatment, sampling dates, and the 

interaction between time  leaf treatment and time  water treatment (two-way repeated measures 

ANOVA, P0.012; Table S25). Higher sporulation rates occurred in reference leaves with maximum 

values of 402–584 conidia/mg AFDM/d at low water treatments (0%–25%) and of 215–252 

conidia/mg AFDM/d at higher water treatments (50%–100%) (Figure 4.8). In metal-enriched leaves, 

higher sporulation rates ranged 259–468 conidia/mg AFDM/d at low water treatments (0%–25%) and 

62–98 conidia/mg AFDM/d at higher water treatments (50%–100%) (Figure 4.8). Aquatic 

hyphomycete taxa richness was not significantly affected by leaf treatment, water treatment, or their 

interaction (two-way repeated measures ANOVA, P0.162; Table S25). Time was a significant factor 

(P<0.001; Table S25) with higher taxa richness at day 15 for both reference (at water treatments 10%, 
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25%, 50% and 100%) and metal-enriched leaves (at water treatments 10%–75%) ranging from 9.50–

11.75 and 8.75–9.75 number of taxa per sample, respectively (Figure 4.8). 

 

Figure 4.8. Sporulation rates and taxa richness of aquatic hyphomycetes (mean  SE, n=3) associated 

with clethra leaf discs across two leaf treatments (reference and metal-enriched leaves) and the six 

water treatments (0%, 10%, 25%, 50%, 75% and 100%) after 15, 43 and 90 days. 

 

Thirty-nine aquatic hyphomycetes taxa were found associated with leaf discs (Table S26). 

Thirty-five taxa were identified up to species level, four of which were considered as different species 

due to consistent morphological alterations, such as extra arms (Table S26). Aquatic hyphomycete 

communities were significantly affected by leaf treatment, water treatment, time, and all interactions 

(PERMANOVA, P = 0.001; Table S27). Flagellospora curvula Ingold (34–69% of relative 

contribution to conidial production across leaf and water treatments), Lemonniera aquatica De 

Wildeman (5–25%), Lunulospora curvula Ingold (10-19%), Tricladium chaetocladium Ingold (1–

14%), Articulospora tetracladia Ingold (1–12%) and Alatospora pulchella Marvanová (2–6%) were 

the most abundant species across treatments (Figure 4.9).  



102 
 

 

Figure 4.9. Mean relative contribution (based on spore production, across the three sampling dates) of aquatic 

hyphomycete taxa associated with clethra leaf discs for the two leaf treatments (reference and metal-enriched 

leaves) across six water treatments (0%, 10%, 25%, 50%, 75% and 100%). Only species contributing at least 

2% to total conidial production in at least one treatment are shown; rare species are included within “Others”. 

 

The percentage of dissimilarity in aquatic hyphomycete communities between reference and 

metal-enriched leaves was 34%, and the species that contribute most to this dissimilarity were T. 

chaetocladium, A. tetracladia, L. curvula, A. pulchella and F. curvula (Table S28). 

 

4.5 DISCUSSION 

Metal concentrations in leaf litter and stream water significantly influenced microbial 

decomposer responses, including microbial-driven organic matter decomposition, aquatic 

hyphomycetes activity and community composition. 
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Consistent with our first hypothesis, metal concentrations were significantly higher in leaf litter 

incubated in the metal-enriched stream compared to the reference stream. Leaf discs incubated in the 

metal-enriched stream exhibited visible coating of metal precipitates on their surface. A similar layer 

of metal oxides was observed in leaves from other plant species incubated in streams naturally 

enriched with metals in the same region (Balibrea et al., 2023). Moreover, leaf discs had rust-brown 

hues indicative of metal adsorption, darkened edges and concentric discoloration derived from 

localized metal deposition and possible chemical interactions, probably derived from oxidative 

processes from organic matter interaction with metals (Figure S3). Metal oxides, including iron, 

aluminium and manganese are known to disrupt aquatic ecosystem balance through complex 

interactions with organic matter (Kolya & Kang, 2024; Xue et al., 2024). Some studies showed that 

these oxides may alter the degradation pathways of organic substrates by promoting organic matter 

decomposition through surface transformation by oxidation processes (Wang et al., 2016; Li et al., 

2021). For instance, iron and manganese have been shown to promote organic matter degradation 

through aerobic and anaerobic oxidation processes in groundwater contaminated with metals from 

anthropogenic origin (Pierri & Czop, 2020). In contrast, other studies showed that metal interactions 

with organic matter may reduce its bioavailability inhibiting further microbial decomposition. For 

instance, iron and manganese were found to catalyse reactions leading to the transformation of 

organic matter into organo-mineral associations promoting long-term carbon preservation (Li et al., 

2021; Moore et al., 2023). 

Our results also showed higher accumulation of iron over aluminium in metal-enriched leaves, 

despite the greater abundance of aluminium in metal-enriched stream water. This may result from 

higher affinity of iron for organic matter, driven by its chemical properties reflected in its ability to 

form stable complexes and iron oxides and iron hydroxides precipitates that adhere strongly to leaf 

surfaces (Wagai et al. 2020; Figure S3). Moreover, the solubility and speciation of both aluminium 

and iron are highly pH-dependent; while the solubility of aluminium tends to increase under acidic 

conditions, iron tends to precipitate and adsorb more readily onto surfaces under slightly acidic to 
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neutral conditions (Nierop et al., 2002; Botté et al., 2022), leading to the observed iron oxides 

precipitates in the metal-enriched stream. 

Our results provided partial support for our second hypothesis, which suggested that leaf litter 

mass remaining would be higher in metal-enriched leaves than in reference leaves. Reference leaves 

decomposed faster than metal-enriched leaves at low-metal water treatments (0%, 10%, and even 

50%). The faster decomposition of reference than metal-enriched leaves in low-metal water 

treatments suggests that the intrinsic quality of the leaf litter (reference leaves had low metal 

concentration) is an important factor controlling leaf decomposition when environmental condition 

(water quality) are not too harsh. In contrast, in high-metal water treatments (75% and 100%), the 

decomposition of both leaf types converged, which may suggest that the negative effects due to 

external metal accumulation overwhelmed any differences in intrinsic litter quality. This result is in 

line with previous studies that have found higher differences in leaf litter decomposition between 

species in reference than in nutrient-enriched streams (Gulis & Suberkropp, 2003; Ferreira et al., 

2006; Gulis et al., 2006; Biasi et al., 2017). The absence of microbial-driven decomposition 

differences between leaf types at high-metal water treatments may be related with the dark edges 

found around metal-enriched leaves, where metal accumulation may interact with leaf compounds 

through oxidation processes promoting the degradation of organic matter on those areas, potentially 

overcoming the reduced microbial activity. Thus, organic matter decomposition that occurred in 

metal-enriched leaves was probably not only attributed to microbial community activity but also to 

external processes derivate from metal-substrate interactions. 

 The observed pattern of higher mass remaining in reference leaves at higher than lower water 

metal treatments agreed with our third hypothesis, highlighting that elevated concentration of metals 

in water may constrain microbial-driven organic matter decomposition. These findings agree with 

previous studies that found slower decomposition of leaf litter in metal-enriched stream water (Niyogi 

et al., 2001; Duarte et al., 2004, 2008; Fernandes et al., 2009; Moreirinha et al., 2011; Pradhan et al., 

2011; Hogsden & Harding, 2013; Du et al., 2017; Loureiro et al., 2024).  Higher metal concentrations 

in water may have changed the physical structure of leaf tissues (e.g., metal coating) and limited the 
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availability of oxygen and inorganic nutrients for the mycelia, constraining microbial colonization 

and decomposition (Sridhar et al., 2001; Ehrman et al., 2008; Ding et al., 2012). Moreover, similar 

reduction in decomposition rates for both leaf types in high-metal water treatments may suggest that 

the negative effects of elevated metal concentration in water on microbial activity are stronger than 

those resulting from metal adsorption on substrate surface. On the contrary, some studies showed that 

metal oxides and metal hydroxides deposition on leaves had stronger negative effects of organic 

matter decomposition than metal dissolved in water (Niyogi et al., 2013). Run et al. (2022) showed 

that litter decomposition did not differ significantly between the metal contaminated and reference 

streams, however, metal-contaminated leaf litter decomposed faster than reference litter. These 

previous studies suggest that the indirect effects of metal contamination, such as changes in leaf litter 

quality, have a greater influence on decomposition processes than the direct effects of altered water 

quality. However, this is not supported by our results. The discrepancy between studies is likely due 

to the higher nutrient concentrations in water in previous studies, which may have counteracted the 

negative effects of metal toxicity in metal-contaminated streams (Woodward et al., 2012; Pu et al., 

2014). 

Microbial-driven decomposition patterns observed in metal-enriched leaves across some water 

treatments aligned with the concept of hormesis, where low levels of a stressor, in this case metal 

concentration, stimulate biological activity, while higher levels inhibit it (Calabrese & Baldwin, 

2002). Specifically, in low-metal water treatments (0% and 25%) the mass remaining of metal-

enriched leaves was relatively low, suggesting that the microbial decomposers may have been 

stimulated by the presence of metals at these lower concentrations. This stimulatory effect could result 

from the role of trace metals such as manganese and iron as cofactors in enzymatic reactions essential 

for microbial activity (Chapman, 2002; Lefcort et al., 2008; Shen et al., 2009). However, as the metal 

concentration in the water increased (75% and 100% treatments) an inhibitory effect on 

decomposition was observed where the toxic effects masked any initial stimulatory responses. High 

levels of metals are well-known to disrupt microbial activities (Sridhar et al., 2001; Krauss et al., 

2005; Duarte et al., 2008; Moreirinha et al., 2011) and enzymatic processes, either by directly 
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inhibiting metabolic pathways or by increasing oxidative stress through the generation of reactive 

oxygen species (Azevedo et al., 2007, 2009). Hormesis effect has been also found in litter 

decomposition in laboratory microcosms exposed to different metals, where growth and conidial 

production was stimulated under low uranium concentration in some aquatic hyphomycetes species 

(Bergmann & Graça, 2020) and activity of fungal decomposers was stimulated at low concentration 

of cadmium (Batista et al., 2012). Moreover, Du et al. (2020) found that zinc oxide may also have 

hormesis effect at very low concentrations increasing aquatic fungi biomass on leaf litter. The 

hormesis-like pattern observed in our study may also be influenced by the capacity of microbial 

communities to adapt or acclimate to metal-enriched conditions. At lower metal concentrations, 

decomposers colonizing metal-enriched leaves may benefit from higher nutrient availability due to 

less contaminated substrate or by reduced competition due to the exclusion of more sensitive species. 

For instance, it has been showed that aquatic fungi mycelia growing within the leaf matrix may be 

protected from silver exposure, as a significant portion of silver was retained on the leaf surface 

(Funck et al., 2013a). This protective effect is likely more pronounced at lower silver concentrations, 

when adsorption sites on the leaf surface are not yet saturated (Krauss et al., 2011; Pradhan et al., 

2011; Funck et al., 2013a). A similar process may have occurred in our experiment where metal 

precipitates at low water concentrations may promote microbial driven-decomposition due to 

substrate and nutrient availability. However, as metal concentrations increase, the accumulation of 

metals on leaf surfaces and in microbial cells likely reaches a threshold where toxicity outweighs any 

potential benefits (Niyogi et al., 2001; Krauss et al., 2003; Azevedo et al., 2009). The hormesis effect 

observed in metal-enriched leaves highlighted the complex and nonlinear responses of microbial 

decomposers to metal enrichment. Our findings suggest that decomposition dynamics through the 

different leaf and water treatments may be explained by complex interactions between intrinsic (leaf 

quality) and extrinsic substrate characteristics (metal-substrate interaction), environmental variables 

(water characteristics and metal concentrations) and structure of microbial decomposer community. 

Aquatic hyphomycete sporulation rate was higher in reference than metal-enriched leaves and 

in low-metal compared to high-metal water treatments supporting our fourth hypothesis. Sporulation 
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rates peaked at intermediate sampling date (day 43), with higher rates in reference leaves and low-

metal water treatments (0% and 25%). In contrast, sporulation rates were markedly lower in high-

metal water treatments (75% and 100%) for both leaf types. Reference leaves consistently supported 

higher sporulation rates than metal-enriched leaves, highlighting the detrimental effect of metal 

adsorption onto leaf surfaces. Metal accumulation on leaves may have constrained aquatic 

hyphomycetes colonization and then inhibited the spore production (Krauss et al., 2003; Sridhar et 

al., 2005). Moreover, metals coating of metal-enriched leaves likely restricted microbial growth and 

reproduction due to metal accumulation in cell-walls or aquatic hyphomycetes mycelium (Chamier 

& Tipping, 1997; Duarte et al., 2004). Metal deposits may also constrain bioavailability of essential 

nutrients on organic matter resource and alter the leaf matrix, making it less accessible to fungal 

decomposers (Sridhar & Bärlocher, 2011; Funck et al., 2013a). The observed decline in fungal 

reproductive output, at higher metal concentration in water treatments, likely reflects the direct toxic 

effects on their enzymatic processes, such as oxidative stress and enzyme inhibition (Sridhar et al., 

2001; Azevedo et al., 2007; Baudoin et al., 2008; Bergmann & Graça, 2020). Our results are 

consistent with others showing that fungal reproduction appears to be easily disrupted under metal 

stress when exposed to a single metals or mixtures (e.g., Abel and Barlocher 1984; Sridhar et al. 2001; 

Duarte et al. 2008; Medeiros et al. 2010; Batista et al. 2012; Jain et al. 2019; Bergmann and Graça 

2020). 

Contrary to our fifth hypothesis, aquatic hyphomycete taxa richness did not significantly differ 

between reference and metal-enriched leaves or among water treatments. However, taxa richness 

varied significantly over time, with higher values observed at earlier sampling dates (day 15). This 

temporal variation may be explained because at the initial colonization stage diverse fungal taxa 

rapidly established at the available substrate before competitive exclusion; then, in later stages, metal 

stress selectively favours tolerant species while suppressing sensitive taxa (Fernandes et al., 2009). 

Shifts in fungal community composition had been reported from numerous of studies under metal 

exposure stress where the development of a more adapted community may differ significantly from 

those of the original community due to better tolerance and mechanisms to overcome high metals 
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concentrations (e.g. (Sridhar et al., 2005; Azevedo et al., 2007; Fernandes et al., 2009; Niyogi et al., 

2009; Medeiros et al., 2010; Moreirinha et al., 2011; Batista et al., 2017; Bertol et al., 2022). 

Despite the lack of significant differences in richness, community composition was influenced 

by both leaf and water treatments, supporting our sixth hypothesis. Our results showed shifts in 

dominant aquatic hyphomycetes species abundance between reference and metal-enriched leaves, 

suggesting that metals may selectively influence microbial assemblages, where certain species may 

exhibit resilience under this stressor (Pradhan et al., 2011; Sridhar & Bärlocher, 2011; Du et al., 2017; 

Yue et al., 2019; Run et al., 2022). 

This study highlighted the complex responses of microbial decomposers and organic matter 

decomposition in freshwater ecosystems naturally enriched with metals from volcanic origin. The 

results demonstrated that metal concentrations in both water and leaf substrates significantly affect 

microbial-driven decomposition, aquatic hyphomycete activity and community composition. While 

decomposition of reference leaves at low-metal water treatments suggested that intrinsic leaf quality 

facilitates microbial activity, higher metal concentrations in water and on leaf surfaces constrained 

microbial-driven leaf decomposition, likely through toxic effects on microbial communities and 

physical alterations to leaf substrates. The complexity of microbial responses observed in our study 

can be attributed to the innovative nature of our experimental design. Although this was a microcosm 

experiment, where conditions are typically controlled, we used water sourced from natural streams to 

better simulate realistic environmental conditions where complex mixtures of metals generally occur. 

This highlights both the challenges and the ecological relevance of studying natural systems, even 

within the controlled framework of microcosm experiments, and emphasizes the importance of 

accounting for environmental heterogeneity in experimental designs. 
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Chapter 5 

General discussion and conclusions. 
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As anthropogenic activities pressures on land and natural resources grow, the freshwater 

ecosystems of the Azores face complex challenges due to human disturbances (Triantis et al., 2010; 

Connor et al., 2012; Rull et al., 2017; Raposeiro et al., 2021). A main stressor in Azores Island streams 

is the rapid transformation of native riparian zones into pastures for livestock uses and commercial 

plantations, altering habitat structure and ecosystem function (Constância, 1963; Silva & Smith, 2004; 

Calado et al., 2015; Castanho et al., 2021). Moreover, the inherent natural metal enrichment linked to 

volcanic activity may also affect stream ecosystem health imposing unique geochemical constraints 

on biotic communities (Cruz, 2003; Freire et al., 2013; Quintela et al., 2013). These pressures not 

only disrupt the physical and chemical characteristics of streams but also alter the structure and 

functioning of decomposer communities that act as key players in organic matter decomposition and 

nutrient cycling, essential processes for ecosystems stability (Allan, 2004; Hladyz et al., 2011c; 

Ferreira et al., 2016c; Silva-Junior, 2016). Several studies have focused on the effect of these stressors 

to either the community composition of individual decomposer groups or on isolated chemical 

parameters that may affect organic matter process (e.g. Hisabae et al. 2011; Quintaneiro et al. 2016; 

Ferreira et al. 2017; Tagliaferro et al. 2018; Balibrea et al. 2023). However, in order to fully 

understand how shifts in riparian vegetation and natural geochemical process affect organic matter 

decomposition, it is necessary to adopt an integrative approach that combines both structural and 

functional perspectives (Elosegi et al., 2006; Young et al., 2008; Ferreira et al., 2020; Harrison et al., 

2021; Cheung & Burrows, 2024). Moreover, understanding how these stressors may affect both 

microbial decomposers and macroinvertebrate shredders, a more comprehensive knowledge of 

energy flow and nutrient cycling in these highly stressed systems may be developed (Chauvet et al., 

2016; Ferreira et al., 2020).  

This thesis, together with other studies conducted on the same topic in the Azores (Raposeiro 

et al., 2014b, 2018; Ferreira et al., 2016d, 2017; Balibrea et al., 2017, 2020a, 2023), provides a deeper 

understanding of the functional process of organic matter decomposition in Azorean streams. By 

integrating both field experiments and microcosm trials, the present thesis provides a comprehensive 
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evaluation of organic matter decomposition in Azorean streams, revealing how both anthropogenic 

land-use changes and natural metal enrichment can influence ecosystem functioning. Our findings 

reveal that changes in riparian vegetation, water quality and substrate characteristics not only impact 

the process of organic matter decomposition but also alter the structure and performance of 

decomposer communities. Consequently, these changes have important implications for freshwater 

ecosystem health in islands with active volcanism. However, it is important to recognize at the outset 

that while the first part of the thesis predominantly explores the influence of land-use changes on 

stream ecosystems, these findings must not be applied in the context of naturally high metal 

concentrations in other streams. This dual perspective underscores that streams are influenced by 

multiple stressors, not only those arising from human land use but also by inherent geochemical 

conditions, which may lead to differing decomposition dynamics.  

Our results from Chapter 2 showed that organic matter decomposition in streams is highly 

influenced by shifts in land uses, particularly the replacement of native riparian vegetation with exotic 

plantations or pasture. Both biotic and abiotic factors played key roles in shaping decomposition 

dynamics. When comparing streams surrounded by cryptomeria plantations to those with native laurel 

vegetation, we found that microbial-driven decomposition of both leaves and wood was similar, 

despite lower water temperature and dissolved phosphorus concentrations in cryptomeria streams. 

This outcome suggested that variations in the aquatic hyphomycete community composition might 

be counteracted by functional redundancy, ensuring that decomposition remains consistent despite 

contrasting environmental conditions. Similar patterns were also found in other studies where no 

significant differences in organic matter decomposition occurred between streams in conifer 

plantations and native forest (Riipinen et al., 2010; Ferreira et al., 2017). However, total organic 

matter decomposition was higher in cryptomeria streams due to an increased abundance of shredders, 

such as the endemic caddisfly Limnephilus atlanticus, which underscores the importance of 

macroinvertebrate activity in these systems. Previous studies in Azorean streams showed that 

microbes are the key players in litter decomposition due to low shredder diversity and density 
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(Raposeiro et al., 2013; Ferreira et al., 2016b). However, when shredders are present at high densities, 

normally found in streams located at higher elevations and surrounded by cryptomeria plantations, 

they become important decomposers (Raposeiro et al., 2018; Balibrea et al., 2020a). In contrast, in 

native and pasture streams, the lower density of shredders resulted in microbial processes being the 

primary drivers of decomposition. These results indicate that the role of macroinvertebrates is stream-

specific and that variations in shredder abundance across stream types might be linked more to the 

habitat preferences of these taxa than to riparian vegetation disturbances alone (Balibrea et al., 

2020b). 

Streams surrounded by pastures had significantly faster organic matter decomposition, mainly 

driven by higher water temperatures and dissolved nutrient concentrations, likely due to inputs from 

cattle manure. These nutrient and temperature conditions stimulated microbial activity, and even 

when accounting for temperature differences using degree-day corrections, the enhanced 

decomposition in pasture streams remained evident. This finding emphasizes that nutrient 

enrichment, along with warmer water temperatures, can synergistically increase decomposition rates 

(Ferreira & Chauvet, 2011b; Martínez et al., 2013). Similar results were found in other studies where 

elevated nutrient inputs, particularly nitrogen and phosphorus, to streams surrounded by agricultural 

land accelerated organic matter decomposition (Quinn et al., 2000; Hladyz et al., 2011a). Moreover, 

pasture streams had lower aquatic hyphomycete taxa richness, which was likely due to the reduced 

inputs of organic matter and limited riparian vegetation typical of this stream type (Bärlocher & 

Graca, 2002; Ferreira et al., 2006). However, pasture streams supported a higher richness and 

abundance of macroinvertebrates than the other stream types. This divergence suggests that while 

lower riparian diversity may limit fungal diversity, the absence of riparian buffers and increased solar 

exposure might promote macroinvertebrate diversity., particularly grazers, and constitute target 

habitats for invasive species.  

In the Azores, land use patterns are inherently linked to the island elevational gradient 

(Quaternaire-Portugal, 2008). At lower elevations, urban and agricultural activities dominate, often 
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resulting in altered riparian vegetation and increased human impact (Raposeiro et al., 2011; Silva & 

Smith, 2004). Conversely, streams at higher elevations are more likely to be surrounded by 

commercial tree plantations or patches of native laurel forest that have remained relatively 

undisturbed (Borges et al., 2009; DRRF, 2014; Gonçalves et al., 2015; Raposeiro et al., 2011). This 

spatial arrangement means that streams in agricultural areas, for instance, tend to occur in warmer, 

lower-elevation environments where temperature is a critical driver of ecological processes. 

Temperature not only influences the basic metabolic processes in these streams but also affects 

organic matter decomposition (Rowe et al., 1996; Griffiths & Tiegs, 2016; Gessner & Peeters, 2020). 

When decomposition rates were expressed per degree-day, which standardizes the effect of 

temperature, our results revealed that even after adjusting for temperature, decomposition in pasture 

streams remained elevated compared to that in native streams. This suggested that the accelerated 

decomposition observed in pasture streams is not only attributed to the warmer conditions associated 

with lower elevations but also reflects the influence on stream functioning due to altered land use, 

such as changes in riparian vegetation and nutrient inputs. These results highlight the importance of 

considering both climatic gradients and anthropogenic disturbances when evaluating ecosystem 

processes. Thus, the interaction between land use and temperature highlights that managing and 

conserving stream ecosystems in the Azores may require a dual focus on mitigating human impacts 

as well as understanding the environmental context in which these streams occur. 

A key conclusion from Chapter 2 is that organic matter decomposition is a valuable functional 

indicator of land-use changes in Azorean streams. Temperature-adjusted decomposition rates allow 

us to differentiate the effects of water temperature and nutrient levels, thereby providing a clearer 

assessment of ecosystem condition. These insights are particularly relevant given the ongoing 

pressures faced by freshwater ecosystems in the Azores, where agricultural intensification, urban 

expansion, and altered riparian landscapes are common challenges. To mitigate these impacts, several 

management strategies emerge as potential approaches to safeguard stream integrity. Establishing 

native riparian buffers could help regulate water temperatures and enhance nutrient retention, thus 
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reducing nutrient loading from agricultural runoff (Osborne & Kovacic, 1993; Schoonover et al., 

2005; Cole et al., 2020; Nsenga Kumwimba et al., 2023). Moreover, controlling cattle access along 

stream corridors could further limit nutrient enrichment (Agouridis et al., 2005; Aarons & Gourley, 

2013; McKergow et al., 2016; Grudzinski et al., 2020). In areas with commercial wood plantations, 

sustainable management practices could be applied to promote diversity enrichment in riparian in 

vegetation to better support both microbial and macroinvertebrate decomposer communities 

(Broadmeadow & Nisbet, 2004; González et al., 2015; Stutter et al., 2019). Furthermore, adopting 

elevation-specific management practices ensures that conservation efforts are appropriately targeted. 

For instance, where lower-elevation areas may benefit most from enhanced riparian restoration and 

nutrient control, higher-elevation streams might be focused on preserving the functional redundancy 

of key decomposer communities through the maintenance of vegetation diversity. Together, these 

strategies highlight how functional indicators such as organic matter decomposition not only assess 

the integrity of Azorean stream ecosystems but also may guide effective, targeted management 

interventions in the face of ongoing anthropogenic pressures. Therefore, integrating functional 

assessments into conservation planning could enhance the resilience of these island freshwater 

ecosystems, ensuring the long-term sustainability of their ecological processes. 

While Chapter 2 provides clear evidence on how land-use changes, mediated by elevation 

gradients and vegetation shifts, affect decomposition dynamics, it is critical to note that these results 

might not fully apply to streams where natural metal enrichment is the dominant stressor. Thus, 

Chapters 3 and 4 were designed to elucidate the unique mechanisms at play in metal-enrichment 

streams. By disentangling the effects of natural metal inputs from those of land-use change, these 

chapters provide a comparative framework for understanding how different stressors shape organic 

matter breakdown. These results highlights that the patterns observed in Chapter 2 are specific to 

systems primarily impacted by land use rather than by metal enrichment. 

Our results from Chapter 3 and Chapter 4 showed that natural metal enrichment modified the 

quality of leaf litter and, in turn, influenced the feeding behaviour of invertebrates and microbial 
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activity. This sets the stage for a joint discussion of how altered substrate conditions affect the entire 

decomposer community. In our short-term trials in Chapter 3, shredders consistently favoured leaves 

that have been incubated in the reference stream rather than those from the metal-enriched stream, 

especially those of Alnus glutinosa and Laurus azorica. These findings agree with previous studies 

(Quinn et al., 2000; Irving et al., 2003; Gonçalves et al., 2011; Campos et al., 2014; Johnson et al., 

2014),  which also reported that metal contamination can reduce the palatability of litter through both 

direct metal toxicity and by inhibiting microbial conditioning on leaf surfaces. On  the other hand, 

microcosms trials from Chapter 4, revealed that leaf litter exposed to metal-enriched conditions 

developed distinct coatings of metal oxides, particularly of iron, due to its precipitation capacity to 

adhere strongly to leaf surfaces at this slightly acidic water conditions (Nierop et al., 2002; Wagai et 

al., 2020; Botté et al., 2022), that visibly altered the substrate. Similar observations have been made 

by Balibrea et al. (2023), who noted that metal deposition on leaves not only changes the physical 

appearance but also influences subsequent microbial colonization. When comparing decomposition 

dynamics in trials from Chapter 4, our findings revealed that under low-metal water treatments, 

reference leaves decomposed significantly faster than those previously incubated in metal-enriched 

streams. This indicates that the inherent quality of the substrate is critical under conditions where 

external metal stress is minimal. In contrast, at high metal concentrations in the water, the substrate 

decomposition of both leaf types converged. This outcome aligns with previous studies (Gulis & 

Suberkropp, 2003; Ferreira et al., 2006; Gulis et al., 2006), which have reported stronger differences 

in decomposition rates between leaf litter species under lower than higher dissolved nutrient 

concentrations. Moreover, the comparable reduction in decomposition rates for both leaf types under 

high-metal water treatments suggests that the inhibitory effects of elevated metal concentrations in 

the water on microbial activity are more pronounced than the impacts of metal adsorption on the 

substrate surface. 

 Interestingly, laboratory trials in Chapter 3 suggested that the increased consumption of metal-

enriched A. glutinosa leaves over longer periods may be due to a compensatory feeding response, a 
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strategy previously reported in other systems (Winterbourn et al., 1985; Carvalho & Graça, 2007), 

whereby larvae ingested more of a lower-quality resource in an attempt to meet their nutritional needs. 

However, despite these shifts in feeding rates, larval growth remained similar across treatments, 

reinforcing that compensatory feeding on metal-enriched leaves may have occurred agreeing with 

results from Irons et al. (1988) and Friberg and Jacobsen (1994). Thus, this resilience may indicate 

that while metal deposition alters immediate feeding preferences, the overall performance of 

shredders is buffered by the intrinsic nutritional quality of the litter. Moreover, our results diverge 

from some studies on metal-polluted streams where chronic metal exposure was linked to reduced 

shredder growth and survival (Quinn et al., 2000; Irving et al., 2003), highlighting that the interaction 

between metal enrichment and litter quality is complex and may further depend on whether metals 

originate from natural sources or anthropogenic activities. 

Metal concentration variations among leaf species in our study from Chapter 3 suggested that 

leaf surface characteristics, such as roughness and trichome presence, influenced metal absorption. 

For instance, L. azorica, with its rougher surface and dense trichomes, exhibited greater metal 

accumulation, while A. glutinosa, with a smoother surface, showed lower differences in metal 

concentration between leaves incubated in reference and metal-enriched streams. Among the metals 

analyzed, iron, in particular, showed the greatest concentration differences, likely due to its strong 

precipitation capacity. These findings highlight the importance of leaf surface characteristics 

influencing metal uptake, suggesting that future studies should also focus on the specific role of leaf 

surface traits in metal retention dynamics. This closer examination of the results from Chapters 3 and 

4 reveals a strong interconnection between the responses of macroinvertebrate shredders and aquatic 

hyphomycetes under metal stress. While Chapter 3 highlights changes in shredder feeding behaviour 

and compensatory responses to altered litter quality, Chapter 4 demonstrates that metal enrichment 

also directly impacts microbial decomposers by modifying leaf surfaces and affecting fungal 

colonization and sporulation. Together, these findings suggest that metal enrichment does not act in 

isolation on one group of decomposers; rather, it triggers a cascade of responses across the entire 
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decomposer community. This joint discussion reinforces that the interplay between physical substrate 

modifications and biological responses is crucial to understanding overall decomposition dynamics 

in metal-rich environments. 

Our findings also showed that shredder feeding preferences were largely driven by the 

physical and chemical properties of leaf litter. Larvae consistently preferred the softer, nutrient-rich 

A. glutinosa over the tougher nutrient-poor L. azorica. However I. perado, despite its high toughness, 

also supported good growth rates, likely due to mesophyll accessibility following cuticle detachment. 

These results align with previous studies (e.g., Irons et al. 1988; Friberg and Jacobsen 1994; Canhoto 

and Graça 1995) and highlight that the high concentrations of secondary metabolites, such as 

polyphenols and essential oils in L. azorica, may have toxic effects, reducing its suitability as a long-

term food source. This pattern is particularly relevant for Azorean streams, where the prevalence of 

sclerophyllous native vegetation, rich in secondary compounds, could contribute to the low diversity 

and abundance of shredder species.  

Moreover, results from Chapter 4 showed that higher metal concentrations in water can inhibit 

microbial-driven organic matter decomposition by altering the physical structure of leaf tissues as 

well reducing the availability of oxygen and inorganic nutrients necessary for microbial colonization. 

Consistent with this, our results showed slower leaf litter decomposition in higher water metal 

treatments in reference leaves, which agrees with several studies that found slower decomposition of 

leaf litter in metal-enriched stream water (Niyogi et al., 2001; Duarte et al., 2004, 2008; Fernandes et 

al., 2009; Moreirinha et al., 2011; Pradhan et al., 2011; Hogsden & Harding, 2013; Du et al., 2017; 

Loureiro et al., 2024). Moreover, our results showed a potential hormesis effect in microbial 

decomposition of metal-enriched leaves subjected to different water treatments. At low metal 

concentrations (0% and 25%), microbial activity is enhanced, likely due to the beneficial role of trace 

metals such as manganese and iron in enzymatic processes, resulting in lower leaf mass remaining. 

In contrast, higher metal concentrations (75% and 100%) exert a toxic effect that inhibits 

decomposition, overwhelming any initial stimulatory benefits. Similar hormesis responses have been 
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reported previously (Batista et al., 2012; Bergmann & Graça, 2020; Du et al., 2020), reinforcing the 

idea that the relationship between metal concentration and microbial activity is nonlinear and highly 

complex. 

Laboratory trials from Chapter 4 further highlights the negative effect that metal enrichment has 

on the sporulation of aquatic hyphomycetes. Our findings showed that sporulation rates were 

significantly lower on metal-enriched leaves and in high-metal water treatments. This reduction in 

fungal reproductive can result from metal-induced oxidative stress and enzyme inhibition (Sridhar et 

al., 2001; Azevedo et al., 2007). Moreover, while overall fungal taxa richness did not significantly 

differ between treatments, the composition of aquatic hyphomycete communities was substantially 

altered by metal exposure. Certain species, such as those contributing most to community 

dissimilarities in our study, appeared more resilient under metal stress, as observed in other studies 

(Medeiros et al., 2010; Moreirinha et al., 2011; Run et al., 2022). These shifts suggest that metal 

enrichment may selectively favour the proliferation of tolerant taxa over more sensitive ones, 

potentially leading to long-term changes in ecosystem functioning (Fernandes et al., 2009; Batista et 

al., 2017; Bertol et al., 2022). 

In conclusion integrating the findings from Chapters 3 and 4, it is evident that natural metal 

enrichment exerts multifaceted effects on stream decomposer communities. Together, these findings 

provide a comprehensive view of how metal enrichment from natural volcanic processes can disrupt 

the balance of microbial and shredders decomposition. While changes in litter quality induced by 

metal deposition, as demonstrated in Chapter 3, directly influence shredder feeding behaviour, at the 

same time, the modifications to leaf surfaces not only affect shredder choice but also alter microbial 

colonization and sporulation, as shown in Chapter 4.  Macroinvertebrate shredders respond to metal-

enriched litter primarily by modifying their feeding behaviour, with compensatory mechanisms partly 

offsetting potential negative impacts on growth and survival. In parallel, microbial decomposers 

displayed a clear sensitivity to metal concentrations, with lower concentrations potentially stimulating 

activity while higher concentrations inhibited key processes like sporulation. Beyond metal exposure, 
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the intrinsic quality of the litter, its nutrient concentrations, toughness, and secondary compound 

concentrations, seemed to be important factors that modulated decomposer responses. These findings 

also highlight the need to consider both the quality of organic substrates and the characteristics of the 

surrounding water when assessing the ecological impacts of metal enrichment.  

These results emphasize that organic matter decomposition is a functional indicator that captures 

the interactions between abiotic stressors (such as metal enrichment) and biotic processes. Thus, our 

findings reinforce the need for bioassessment frameworks that combine structural and functional 

indicators to better inform the management of freshwater ecosystems in the Azores and similar island 

environments.  Consequently, establishing accurate reference conditions in metal-enriched streams, 

particularly those affected by active volcanism, is fundamental for understanding the dynamics of 

organic matter decomposition in these naturally stressed ecosystems. Such baselines may provide an 

important background against which alterations in biological communities and functional processes 

can be measured, thereby highlighting the subtle shifts induced by metal enrichment. This is 

especially important because natural metal inputs may often be accompanied by complex ecological 

interactions that can modify microbial activity and macroinvertebrate behaviour in unpredictable 

ways. By characterizing these baseline states, there will be better knowledge to discern the extent to 

which metal enrichment influences aquatic fungi and shredder traits such as, sporulation rates, fungi 

growth, invertebrate feeding, growth and larvae survival among others. Moreover, these insights not 

only advance our theoretical understanding of biogeochemical cycles under stress but also inform the 

development of targeted management and conservation strategies for freshwater ecosystems in 

regions marked by volcanic activity. 

To conclude, given the ecological fragility of riparian and freshwater ecosystems on islands, there 

is an urgent need for region-specific research and adaptive management strategies. These strategies 

must account for the unique challenges faced by island ecosystems, including their geographical 

isolation, limited space, and vulnerability to environmental changes. Protecting and restoring native 

riparian vegetation, mitigating pollution, and reducing habitat fragmentation are essential steps to 
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safeguard the ecological integrity of island freshwater systems and ensure their long-term 

sustainability. Due to the limitations of assessments based on structural indicators, there is a growing 

consensus that bioassessment programs should integrate functional indicators alongside traditional 

taxonomic approaches to provide a more integrative evaluation of stream ecological status. Functional 

indicators can help detect early signs of ecosystem dysfunction, offering a more sensitive approach 

to assessing the impacts of land-use changes, pollution, and climate-driven alterations. Thus, 

expanding bioassessment frameworks to incorporate functional ecology metrics will enhance the 

ability to monitor, manage and restor freshwater ecosystems in a way that aligns with both scientific 

knowledge and conservation priorities. This thesis contributes to scientific knowledge demonstrating 

that incorporating organic matter decomposition as a functional indicator into bioassessment 

frameworks can enhance the evaluation of stream health in the Azores. While organic matter 

decomposition is a highly sensitive, ecologically relevant, and cost-effective functional indicator, its 

effectiveness in freshwater bioassessment depends on careful methodological standardization and 

interpretation. Its ability to detect early ecological changes and its direct link to key ecosystem 

services make it a valuable complement to traditional structural assessments. However, challenges 

such as abiotic variability, methodological inconsistencies, and ambiguous ecological interpretations 

must be addressed to maximize its reliability. Thus, our findings provide valuable insights for 

developing bioassessment frameworks that incorporate functional indicators such as organic matter 

decomposition and decomposer community dynamics to achieve a more integrative assessments of 

ecosystem health, ultimately improving conservation and management strategies. Although the 

research focused on streams in the Azores, the findings of this thesis may have relevance for 

freshwater ecosystems in other volcanic islands or rapidly changing isolated freshwater ecosystems 

worldwide. Thus, this work establishes a foundation for developing improved management and 

restoration approaches aimed at reestablishing the intrinsic functional integrity of these ecosystems 

in the Azores islands. 
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It is important to adopt a modest perspective regarding these study’s contribution to the 

development of functional bioassessment tools. While Chapter 2 highlights the covariation between 

elevation and land use, and Chapters 3 and 4 offer insights from controlled laboratory experiments, 

these findings should be viewed as complementary steps toward understanding the complex dynamics 

of stream ecosystems. The laboratory settings used in Chapters 3 and 4, while valuable for elucidating 

mechanistic responses under metal stress, inherently limit the direct application of these results to 

natural settings. Field conditions encompass a broader range of variables and interactions that are 

difficult to replicate entirely in the laboratory. Future research should, therefore, aim to validate these 

integrated findings under in situ conditions, further refining and calibrating bioassessment 

frameworks that account for both anthropogenic and natural stressors. 

In summary, this thesis demonstrates that while land-use changes significantly influence 

organic matter decomposition in Azorean streams, natural metal enrichment introduces additional 

layers of complexity that modify decomposer community dynamics. The integrated insights across 

Chapters 2, 3, and 4 underscore the need for context-specific bioassessment tools that combine 

structural and functional indicators. Although the current findings provide a solid foundation, the 

limitations inherent in laboratory experiments and the covariation of environmental factors in the 

field suggest that further in situ research is essential to fully develop and standardize these functional 

indicators for effective ecosystem management and restoration. 
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Figure 2.1. Selected substrates, clethra leaves and commercial balsa wood (A); clethra leaves getting 

moistened for being enclosed in mesh bags (B); commercial balsa wood enclosed in fine mesh bags 

and clethra leaves enclosed in coarse and fine mesh bags (C).  

Figure 2.2. At each sampling date bags from each substrate and mesh size were randomly selected 

(A); enclosed in zip lock bags and transported to the laboratory (B).  

Figure 2.3. Clethra coarse-mesh bags (A), clethra fine-mesh bags (B) and balsa wood substrate (C) 

remaining rinsed gently with distilled water at laboratory to remove fine sediments and transferred to 

pre-weighed aluminum pans. 

Figure 2.4. Remaining substrate in pre-weighed aluminum pans for oven-dried inside oven (A), for 

ignition inside muffle (B) and ash remaining after ignition (C).  

Figure 2.5. Remaining clethra substrate from coarse-mesh bags transferred to sieve (A), rinsed gently 

with distilled water to remove sediments (B) and cut leaf disc with corkborer (C).  

Figure 2.6. Erlenmeyer flask with leaf discs and filtered stream water (A); deployed in an orbital 

shaker placed inside an environmental test chamber (B); after sporulation aliquots of suspension 

filtered through cellulose nitrate filters and stained with cotton blue in lactic acid (C); stained filter 

mounted on a microscope slide for spores counting and identification under microscope (D). 

Figure 2.7. Remaining clethra substrate of coarse-mesh bags transferred into a sieve to collect 

macroinvertebrates associated to litter in cryptomeria streams at day 30 (A); and at day 63 (B).  

Figure 2.8. Selected study streams in São Miguel Island, Azores archipelago, in April 2022. Streams 

were categorized into three types according with the dominant surrounding vegetation: native streams 

(n=3; Nat1 – Nat3), cryptomeria streams (n=3; Crypt1 – Crypt3), and pasture streams (n=3; Past1 – 

Past3). 



176 
 

Figure 2.9. Land use cover in the watershed of the selected study streams within a 300-m radius area 

upstream of the sampling site (red polygon). White coloured polygons correspond to areas of adjacent 

basins, which were excluded. Purple polygons correspond to native vegetation; green polygons 

correspond to forested areas (cryptomeria plantations or exotic forest); orange polygons correspond 

to artificial land uses (urbanization, roads). Pasture areas were estimated by subtracting the area of 

other land uses and adjacent basins from the total area (red polygon). Images were acquired from 

Google Earth (accessed in May 2022). Nat1 – Nat3, Native streams; Crypt1 – Crypt3, Cryptomeria 

streams; Past1 – Past3, Pasture streams. 

Figure 2.10. Ash-free dry mass (AFDM) remaining (mean ± SE) of clethra leaves enclosed in coarse- 

and fine-mesh bags and balsa wood enclosed in fine-mesh bags and incubated in native (Nat), 

cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type) over 15, 30, 45 and 63 days 

(n=3 replicates per stream and date).  

Figure 2.11. Mean relative contribution (across streams and dates, based on spore production) of 

aquatic hyphomycete taxa associated with clethra leaves enclosed in coarse- and fine-mesh bags and 

incubated in native (Nat), cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type) over 

15, 30, 45 and 63 days (n=3 replicates per stream and date). 

Figure 2.12. Taxa richness (A) and sporulation rates (B) of aquatic hyphomycetes (mean ± SE) 

associated with clethra leaves enclosed in coarse- and fine-mesh bags and incubated in native (Nat), 

cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type) over 15, 30, 45 and 63 days 

(n=3 replicates per stream and date). Taxa richness and sporulation rates were not determined at day 

63 in pasture streams due to low amount of leaf mass remaining. 

Figure 2.13. Dispersion of principal coordinates analysis (PCO) done on benthic macroinvertebrate 

community of native (Nat), cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type), 

sampled on two dates (d0 and d63), with the main functional feeding groups responsible for 
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similarities within stream types. Data was log (x + 1) transformed; resemblance was calculated using 

Bray-Curtis similarity index. 

Figure 2.14. Shredder density (mean ± SE) on clethra leaves enclosed in coarse-mesh bags and 

incubated in native (Nat), cryptomeria (Crypt) and pasture (Past) streams (n=3 streams per type) over 

15, 30, 45 and 63 days (n=3 replicates per stream and date). 

Figure 3.1. Larvae of Limnephilus atlanticus used in the microcosms trials (A); larvae body and case 

separately, dried larvae body used at the end of the experiments to estimate growth rates (B). 

Figure 3.2. Moistened leaves of Alnus glutinosa (A); leaf discs of A. glutinosa cut with corkborer (B); 

fine-mesh bags for leaf discs incubation (C).  

Figure 3.3. Incubation sites in a stream with low metal concentration (reference stream, A); and in a 

stream naturally enriched with metals (metal-enriched stream, B). 

Figure 3.4. Short-term trials scheme of no-choice treatment and multiple-choice treatment where 

larvae were exposed to reference and metal-enriched leaves at the same time.  

Figure 3.5. Long-term trials scheme where larvae were exposed to reference or metal-enriched leaves 

of each different leaf species. 

Figure 3.6. Relative consumption rates (RCR; mean ± SE, n = 15) of L. atlanticus individuals on each 

leaf species, when given a choice between the three leaf species previously exposed in a stream with 

low metal concentration (reference leaves; A) and in a stream naturally enriched with metals (metal-

enriched leaves; B). Different letters indicate significant differences (Wilcoxon Signed Rank test, 

P<0.05). Adapted from Balibrea et al. (2023).  

Figure 3.7. Relative consumption rate (RCR; mean ± SE, n = 15) of L. atlanticus individuals on each 

leaf species when given a choice between leaves previously exposed in a stream with low metal 

concentration (reference leaves) or exposed in a stream naturally enriched with metals (metal-
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enriched leaves) for A. glutinosa (A), I. perado (B) and L. azorica (C). Different letters indicate 

significant differences (Wilcoxon Signed Rank test, P < 0.05). Adapted from Balibrea et al. (2023).  

Figure 3.8. Relative consumption rate (RCR; A) and relative growth rate (RGR; B) (mean ± SE, n = 

10) of L. atlanticus individuals fed over three weeks with one of the three leaf species previously 

exposed in a stream with low metal concentration (reference leaves) and in a stream naturally enriched 

with metals (metal-enriched leaves). Different letters indicate significant differences (three-way 

repeated measures ANOVA followed by Fisher’s test, P<0.05). Adapted from Balibrea et al. (2023).  

Figure 3.9. Relative consumption rate (RCR; A) and relative growth rate (RGR; B) (mean ± SE, n = 

10) of L. atlanticus individuals fed over three weeks with one of the three leaf species previously 

exposed in a stream with low metal concentration (reference leaves) and in a stream naturally enriched 

with metals (metal-enriched leaves). Adapted from Balibrea et al. (2023).  

Figure 4.1. Moistened leaves of Clethra arborea (A); leaf discs of C. arborea cut with corkborer (B); 

mesh bags for leaf discs incubation (C).  

Figure 4.2. Incubation sites in the stream with low metal concentration (reference stream, A) and in 

a stream naturally enriched with metals (metal-enriched stream, B). Photos were taken on 1st 

February 2022. 

Figure 4.3. Leaf discs incubated in metal- enriched and reference stream after incubation period (A); 

microcosms consisted of Erlenmeyer flasks with different stream water treatments and leaf discs 

incubated in metal-enriched and reference streams (B); microcosms deployed in an orbital shaker 

with continue agitation inside an environmental test chamber (C).  

Figure 4.4. Leaf discs deployed in pre-weighed pans at the end of each sampling dates for oven-dried 

inside and oven (A); leaf discs inside a muffle for ignition process (B); ashes from metal-enriched 

and reference leaf discs after ignition (C).  
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Figure 4.5. Conidial suspension from each microcosm fixed with 37% formalin and storage inside 

graduated tubes (A); system for filtering aliquots of conidial suspension with cellulose nitrate filters 

(B); filters stained with cotton blue in lactic acid for microscope slides preparation for spores counting 

and identification under microscope (C).  

Figure 4.6. Ash-free dry mass (AFDM) remaining (mean ± SE, n=4) of clethra leaf discs across two 

leaf treatments (reference and metal-enriched leaves) and the six water treatments (0%, 10%, 25%, 

50%, 75% and 100%) after 15, 43 and 90 days. 

Figure 4.7. Ash-free dry mass (AFDM) remaining (mean ± SE, n=4) of clethra leaf discs across two 

leaf treatments (reference and metal-enriched leaves) and the six water treatments (0%, 10%, 25%, 

50%, 75% and 100%) at the end of the experiment (day 90). 

Figure 4.8. Sporulation rates and taxa richness of aquatic hyphomycetes (mean  SE, n=3) associated 

with clethra leaf discs across two leaf treatments (reference and metal-enriched leaves) and the six 

water treatments (0%, 10%, 25%, 50%, 75% and 100%) after 15, 43 and 90 days. 

Figure 4.9. Mean relative contribution (based on spore production, across the three sampling dates) 

of aquatic hyphomycete taxa associated with clethra leaf discs for the two leaf treatments (reference 

and metal-enriched leaves) across six water treatments (0%, 10%, 25%, 50%, 75% and 100%). Only 

species contributing at least 2% to total conidial production in at least one treatment are shown; rare 

species are included within “Others”. 
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LIST OF TABLES 

Table 2.1. Location, elevation, and land use cover of the nine study streams. Land use cover was 

determined for a 300-m radius area upstream of the sampling sites (excluding basin area from other 

streams). Land uses were categorized into five types: native vegetation, cryptomeria plantations, 

exotic forest, pastures, and artificial land uses (urbanization and roads). 

Table 2.2. Physical and chemical characteristics of the stream water during the experiment (9th May–

12th July, 2022). Streams were classified in three types according with the dominant surrounding 

vegetation (native, cryptomeria and pasture; see Table 1 and Figure S2). Values are mean ± SE of 

three streams (n=5 per stream, except for water temperature where n=63). Stream types with different 

letters significantly differ (two-level nested ANOVA followed by Tukey’s HSD test). TDS, total 

dissolved solids. 

Table 3.1. Initial leaf litter chemical and physical characteristics (mean  SE, n = 3) for the three 

species used in the experiments. For each characteristic (line), leaf litter species with different letters 

significantly differ (one-way ANOVA followed by Tukey’s HSD test; *P<0.05, **P<0.01, 

***P<0.001). DM, dry mass. 

Table 3.2. Metal concentrations (mean  SE, n = 3) in a stream with low metal concentration 

(reference stream) and in a stream naturally enriched with metals (metal-enriched stream). 

Comparisons between streams were made with one-way ANOVA (*P<0.05). 

Table 3.3. Metal concentrations (mean  SE, n = 3) in leaf litter previously exposed (two weeks) in a 

stream with low metal concentration (reference leaves) and in a stream naturally enriched with metals 

(metal-enriched leaves). For each metal (columns), leaf litter species with different letters 

significantly differ (two-way ANOVA followed by Tukey’s HSD test; *P<0.05, **P<0.001).  

 

Table 4.1. Physical and chemical characteristics, nutrient and metal concentration of reference stream 

and metal-enriched stream water at first and fourteenth day of incubation. For physical and chemical 
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parameters values are mean ± SE of each stream site and date (n=5). For nutrient concentration 

samples were only collected at one date. For metal concentration values are mean± SE of each stream 

site and date (n=2). TDS, total dissolved solids 

Table 4.2. Metal concentrations (mean ± SE, n = 3) in leaves before incubation period and after 

incubation (two weeks) in a stream with low metal concentration (reference leaves) and in a stream 

naturally enriched with metals (metal-enriched leaves). 
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SUPPLEMENTARY MATERIAL 

 

 

 

 

Figure S1. Stream flow (L/s) diagrams obtained from hydrometric stations located in streams in the 

study area for the period 26th May–11th June, 2022. Guilherme station was located below sites Nat1 

and Nat2; Lombadas station was in a tributary of Nat3; Caldeirões station was in middle elevation 

below Crypt1, Crypt2 and Crypt3 sites; and Bispos, Purgar and Lombo Frio stations were located 

above sites Past1, Past2 and Past3, respectively. 

 

 

Figure S2. Detail of I. perado cuticle detached from the leaf mesophyll and larvae of L. atlanticus 

feeding directly on the leaf mesophyll. 
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Figure S3. Leaf discs incubated in a metal-enriched stream: bags holding leaf discs after two weeks 

incubation in the metal-enriched stream (A), metal-enriched leaf discs after two weeks incubation in 

the stream (B) and metal-enriched leaf discs exposed to 10% water treatment at the middle of the 

microcosms trial(C). 
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Table S1. Physical and chemical characteristics of the stream water during the experiment (9th May–12th July, 2022). Values are mean ± SE of each 

stream (n=5, except for water temperature where n=63). Nat1 – Nat3, native streams; Crypt1 – Crypt3, cryptomeria streams; Past1 – Past3, pasture 

streams. TDS, total dissolved solids. 

Stream Temp. (°C) pH 

Cond. 

(µS/cm) TDS (mg/L) N-total (µg/L) NO3
- (µg/L) 

NH3+NH4
+ 

(µg/L) P2O5 (µg/L) 

Nat1 14.3 ± 0.2 7.9 ± 0.0 81.7 ± 2.2 40.8 ± 1.0 559.6 ± 105.0 40.2 ± 24.8 26.4 ± 2.9 95.8 ± 3.0 

Nat2 15.0 ± 0.5 7.5 ± 0.1 55.5 ± 2.9 27.5 ± 1.5 565.8 ± 104.8 24.8 ± 16.7 23.8 ± 3.4 55.6 ± 21.7 

Nat3 14.6 ± 0.6 5.8 ± 0.0 120.2 ± 3.4 60.1 ± 1.6 566.6 ± 103.4 186.0 ± 57.6 20.6 ± 4.2 93.0 ± 7.0 

Crypt1 12.7 ± 0.4 7.0 ± 0.1 52.6 ± 2.9 26.2 ± 1.6 567.8 ± 102.6 38.8 ± 7.3 18.0 ± 3.3 31.4 ± 6.3 

Crypt2 13.0 ± 0.5 7.5 ± 0.1 56.0 ± 3.1 28.4 ± 1.6 569.8 ± 102.6 15.8 ± 4.1 15.2 ± 5.2 38.2 ± 3.6 

Crypt3 13.1 ± 0.6 7.6 ± 0.1 52.8 ± 2.8 26.4 ± 1.4 572.2 ± 101.5 17.8 ± 13.9 22.2 ± 8.6 20.6 ± 3.5 

Past1 15.4 ± 0.4 8.0 ± 0.1 136.6 ± 4.4 68.4 ± 2.1 569.3 ± 102.0 256.8 ± 74.4 23.8 ± 8.8 43.7 ± 3.6 

Past2 15.7 ± 0.6 8.1 ± 0.1 118.6 ± 4.0 59.2 ± 2.1 560.1 ± 102.5 979.0 ± 177.0 25.3 ± 7.1 147.8 ± 8.7 

Past3 15.6 ± 0.4 7.7 ± 0.1 135.1 ± 4.7 67.4 ± 2.4 557.8 ± 98.7 1031.1 ± 423.2 27.7 ± 7.3 190.0 ± 30.0 
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Table S2. Summary table of two-level nested ANOVA performed on chemical and physical water 

characteristics of native, cryptomeria and pasture streams (n=3 streams per type). 

Water variable Source  df MS F p 

Temperature Intercept 1 9293.65 8049.65 < 0.001 

 Stream (Stream type) 6 0.34 0.30 0.935 

 Stream type 2 27.22 23.58 < 0.001 

 Error 36 1.15   
pH Intercept 1 2508.28 109760.76 < 0.001 

 Stream (Stream type) 6 2.46 107.47 < 0.001 

 Stream type 2 3.11 136.16 < 0.001 

 Error 36 0.02   
Conductivity Intercept 1 363690.45 6051.14 < 0.001 

 Stream (Stream type) 6 1937.53 32.24 < 0.001 

 Stream type 2 22020.45 366.38 < 0.001 

 Error 36 60.10   
TDS Intercept 1 90855.2 5942.56 < 0.001 

 Stream (Stream type) 6 492.75 32.23 < 0.001 

 Stream type 2 5466.20 357.53 < 0.001 

 Error 36 15.29   
N-total Intercept 1 14387643.42 273.42 < 0.001 

 Stream (Stream type) 6 94.98 0 1.000 

 Stream type 2 234.95 0 0.996 

 Error 36 52620.45   
NO3 Intercept 1 3809655.66 31.19 < 0.001 

 Stream (Stream type) 6 330920.64 2.71 0.028 

 Stream type 2 2446965.92 20.03 < 0.001 

 Error 36 122155.30   
NH3+NH4

+ Intercept 1 22897.95 125.02 < 0.001 

 Stream (Stream type) 6 41.23 0.23 0.966 

 Stream type 2 202.96 1.11 0.341 

 Error 36 183.16   
P2O5 Intercept 1 284840.71 324.76 < 0.001 

 Stream (Stream type) 6 10427.75 11.89 < 0.001 

 Stream type 2 35392.58 40.35 < 0.001 

 Error 36 877.09   
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Table S3. Summary table for four-level nested ANOVA performed on the proportion of ash-free dry 

mass remaining of clethra leaves enclosed in fine- and coarse-mesh bags and balsa wood enclosed in 

fine-mesh bags and incubated in native, cryptomeria and pasture streams (n=3 streams per type) over 

15, 30, 45 and 63 days (n=3 replicates per stream and date). 

Source of variation df MS F p 

Intercept 1 1506610 1503 <0.001 

Stream type 2 25156.1 25.1 0.001 

Stream (Stream type) 6 1002.5 3.7 0.020 

Substrate 2 20082.4 85.6 <0.001 

Time 3 15674.6 158.9 <0.001 

Stream type x Substrate 4 1477.3 6.3 0.006 

Substrate x Stream (Stream type) 12 234.6 3.6 0.001 

Stream type x Time 6 1873.2 19 <0.001 

Substrate x Time 6 377.3 5.8 <0.001 

Stream (Stream type) x Time 18 98.7 1.5 0.137 

Stream type x Substrate x Time 12 316.5 4.9 <0.001 

Substrate x Stream (Stream type) x Time 36 64.6 2.3 <0.001 

 

 

 

Table S4. Decomposition rates (k) on a per day (/d) and on a per degree-day basis (/dd) (mean ± SE) 

of clethra leaves enclosed in coarse- and fine-mesh bags and of balsa wood enclosed in fine-mesh 

bags and incubated in native, cryptomeria and pasture streams (n=3 streams per type) for 63 days 

(n=3 replicates per stream). 

 

Substrate type Stream type k (/d) k (/dd) 

Clethra coarse-mesh Native 0.00806 ±  0.00125 0.00057 ±  0.00009 
 Cryptomeria 0.02257 ±  0.00402 0.00183 ±  0.00032 
 Pasture 0.02673 ±  0.00200 0.00172 ±  0.00013 

Clethra fine-mesh Native 0.00594 ±  0.00057 0.00042 ±  0.00004 
 Cryptomeria 0.00541 ±  0.00064 0.00044 ±  0.00005 
 Pasture 0.02640 ±  0.00289 0.00170 ±  0.00019 

Balsa fine-mesh Native 0.00361 ±  0.00059 0.00025 ±  0.00004 
 Cryptomeria 0.00252 ±  0.00019 0.00020 ±  0.00002 
 Pasture 0.01383 ±  0.00086 0.00089 ±  0.00005 
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Table S5. Summary table for three-level nested ANOVA performed on decomposition rates on a per 

day and per degree-day basis for clethra leaves enclosed in coarse- and fine-mesh bags and balsa 

wood enclosed in fine-mesh bags and incubated in native, cryptomeria and pasture streams (n=3 

streams per type) for 63 days (n=3 replicates per stream). 

 

Source of variation df MS F p 

Decomposition rate on day         

Intercept 1 0.0130000 275.347 <0.001 

Stream type 2 0.0020000 41.098 <0.001 

Stream (Stream type) 6 0.0000479 0.855 0.553 

Substrate 2 0.0010000 19.057 <0.001 

Stream type x Substrate 4 0.0000560 4.680 0.016 

Substrate x Stream (Stream type) 12 0.0000561 2.268 0.021 

          

Decomposition rate on degree-day         

Intercept 1 0.0000640 242.898 <0.001 

Stream type 2 0.0000072 27.319 <0.001 

Stream (Stream type) 6 0.0000003 0.774 0.605 

Substrate 2 0.0000058 17.125 <0.001 

Stream type x Substrate 4 0.0000016 4.828 0.015 

Substrate x Stream (Stream type) 12 0.0000003 2.690 0.007 
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Table S6. Mean relative contribution (%; across sampling streams and dates, based on spore production) of aquatic hyphomycete taxa associated with 

clethra leaves enclosed in coarse- and fine-mesh bags and incubated in native, cryptomeria and pasture streams (n=3 streams per type) over 15, 30, 45 

and 63 days (n=3 replicates per stream and date). Total taxa richness per stream type is also shown. 

Aquatic hyphomycetes taxa 
Coarse-mesh Fine-mesh 

Native Cryptomeria Pasture Native Cryptomeria Pasture 

Alatospora acuminata Ingold 0.07 0.07 0.03 0.31 0.12 0.36 

Alatospora pulchella Marvanová 8.96 1.85 1.27 9.24 1.73 0.58 

Anguillospora longissima (Sacc. & P. Syd.) Ingold    0.28     0.26 0.05 

Anguillospora rosea Webster & Descals 0.30 0.02   0.28 0.03   

Articulospora tetracladia Ingold 38.75 7.95 0.37 37.24 6.34 0.08 

Campylospora chaetocladia Ranzoni 0.01   0.14     0.06 

Clavariopsis aquatica de Wild 0.12 0.54 0.77 0.11 0.59 0.31 

Clavatospora longibrachiata (Ingold) Marvanová & Sv. Nilsson 0.06 0.16 0.69 0.10 0.34 0.58 

Culicidospora aquatica R. H. Petersen     0.02       

Filiform sp.1 0.29       0.01   

Flagellospora curvula Ingold 4.02 10.44 0.01 3.85 10.42 0.06 

Fontanospora eccentrica (Petersen) Dyko 0.01 0.02   1.66 0.16   

Fontanospora fusiramosa Marvanová, Peter J. Fisher & Descals   0.01         

Heliscella stellata (Ingold & V. J. Cox) Marvanová 0.07 0.05 0.02 0.30 0.03   

Heliscus lugdunensis Sacc. & Therry 0.65 0.18   3.33 1.65 0.04 

Hydrocina chaetocladia Ingold 0.46 1.05 0.15 0.98 0.28 0.11 

Lemonniera aquatica de Wild 17.91 40.70 2.06 10.43 37.61 3.30 

Lemonniera terrestris Tubaki 0.28 2.85 0.27 0.36 2.77 0.16 

Lunulospora curvula Ingold 6.36 2.75 92.81 19.56 4.52 93.48 

Other sp.1       0.02     

Other sp.2   0.01         

Other sp.3 0.51 0.35 0.10 0.20 0.12 0.09 

Pentarradiate sp.1 0.05 0.17 0.02 0.22 0.34   

Pentarradiate sp.2 0.01     0.08 0.01   

Pentarradiate sp.3 0.01       0.01   

Pleuropedium multiseptatum Marvanová & Descals 0.15 0.22     0.71   

Tetrachaetum elegans Ingold 5.80 26.92 0.04 7.71 30.10 0.13 
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Tetracladium furcatum Descals        0.01     

Tetracladium marchalianum De Wild 0.02   0.26     0.22 

Tetracladium setigerum (Grove) Ingold 0.13 0.31 0.10 1.09 0.11 0.03 

Tetracladium sp. 0.01 0.09 0.05 0.21     

Tetrarradiate sp.1 0.20 0.10   0.13 0.06 0.01 

Tricellula aquatica Webster 0.18 0.01   0.18 0.01   

Tricladium attenuatum Iqbal 0.02 0.01     0.04   

Tricladium patulum Marvanová & Marvan 0.02     0.03   0.01 

Tricladium splendens Ingold 0.24 0.25   0.07 0.11   

Tricladium sp. 1.11       0.01   

Triscelophorus acuminatus Nawawi 13.14 2.48 0.81 2.19 1.43 0.34 

Triscelophorus monosporus Ingold 0.03     0.01     

Tripospermum myrti (Lind) S. Hughes       0.06     

Varicosporium elodeae W.Kegel 0.04 0.14   0.04 0.09   

Total taxa richness 34 29 20 30 30 20 
 



190 
 

Table S7. PERMANOVA test for total abundance data of aquatic hyphomycetes associated with 

clethra leaves enclosed in coarse- and fine-mesh bags and incubated in native, cryptomeria and 

pasture streams (n=3 streams per type) over 15, 30, 45 and 63 days (n=3 replicates per stream and 

date). Data was log (x + 1) transformed; resemblance was calculated using Bray-Curtis similarity 

index. 

Source of variation df MS Pseudo-F P (perm) perms 

Stream type 2 54062 6.67 0.002 968 

Mesh 1 3044 3.88 0.049 999 

Time 3 6139 4.99 0.001 999 

Stream (Stream type) 6 8732 14.84 0.001 997 

Stream type x Mesh 2 765 0.97 0.494 999 

Stream type x Time 6 2005 1.56 0.042 998 

Mesh x Time 3 1168 1.25 0.246 996 

Stream (Stream type) x Mesh 6 806 1.37 0.068 999 

Stream (Stream type) x Time 18 1321 2.25 0.001 999 

Stream type x Mesh x Time 5 1052 1.12 0.324 998 

Stream (Stream type) x Mesh x Time  16 940 1.60 0.002 999 

Residual 128 589       

Total 196         
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Table S8. Summary table for four-level nested ANOVA performed on aquatic hyphomycete taxa 

richness and sporulation rates associated with clethra leaves enclosed in coarse- and fine-mesh bags 

and incubated in native, cryptomeria and pasture streams (n=3 streams per type) over 15, 30, 45 and 

63 days (n=3 replicates per stream and date).  

Source of variation df MS F p 

Taxa richness         

Intercept 1 9274 284.826 <0.001 

Stream type 2 58 1.685 0.262 

Stream (Stream type) 6 36 18.733 0.052 

Mesh 1 1 1.493 0.252 

Time 3 81 17.617 <0.001 

Stream type x Mesh 2 8 10.418 0.004 

Mesh x Stream (Stream type) 6 1 0.187 0.976 

Stream type x Time 6 4 0.897 0.517 

Mesh x Time 3 5 1.503 0.251 

Stream (Stream type) x Time 18 5 1.351 0.266 

Stream type x Mesh x Time 5 5 1.278 0.320 

Mesh x Stream (Stream type) x Time 16 4 1.297 0.209 

          

Sporulation rate         

Intercept 1 42159227 7.602 0.031 

Stream type 2 10149989 1.761 0.249 

Stream (Stream type) 6 5980940 1.951 0.188 

Mesh 1 10048858 4.103 0.087 

Time 3 7559983 4.047 0.021 

Stream type x Mesh 2 7362195 3.011 0.121 

Mesh x Stream (Stream type) 6 2504713 2.022 0.120 

Stream type x Time 6 3177018 1.693 0.176 

Mesh x Time 3 1901373 1.533 0.243 

Stream (Stream type) x Time 18 1900338 1.516 0.189 

Stream type x Mesh x Time 5 1423651 1.151 0.374 

Mesh x Stream (Stream type) x Time 16 1234386 0.810 0.672 
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Table S9. Mean relative abundance (%; across streams and dates) of benthic macroinvertebrate taxa 

collected at the beginning and end of the experiment (day 0 and day 63, respectively) in native, 

cryptomeria and pasture streams (n=3 streams per type). Total macroinvertebrate abundance, total 

macroinvertebrate taxa richness, and total shredder abundance are also shown. FFG, functional 

feeding group. 

Order Taxa FFG Native Cryptomeria Pasture 

Basommatophora Galba truncatula (O.F.Müller, 1774) Grazer/scraper 0.26     

Basommatophora Physella acuta (Draparnaud, 1805) Grazer/scraper     0.05 

Coleoptera Agabus sp. Predator   3.81   

Coleoptera Dryops sp. Predator     0.02 

Coleoptera Hydroporus sp. Predator 0.05     

Crassiclitellata Eiseniella tetraedra (Savigny, 1826) Gatherer/collector 0.03 0.44   

Cyclopoida   Gatherer/collector   0.14   

Diptera Cardiocladius freyi Storå, 1936 Gatherer/collector 0.01 0.15 0.05 

Diptera Ceratopogonidae Gen. Sp. Predator 1.55 0.14 0.01 

Diptera Chaetocladius melaleucus (Meigen, 1818) Gatherer/collector 0.21   0.02 

Diptera Clinocerinae Gen sp. Predator 0.30 2.24 0.24 

Diptera Cricotopus sylvestris Fabricius, 1794 Gatherer/collector     0.85 

Diptera Dicranomyia sp. Shredder 5.06 1.98 0.15 

Diptera Eukefferiella gracei (Edwards, 1929) Gatherer/collector     0.24 

Diptera Limnophyes minimus (Meigen, 1818) Gatherer/collector 0.06     

Diptera Orthocladiinae Gen sp. Gatherer/collector 22.81 15.72 29.38 

Diptera 

Orthocladius fuscimanus (Kieffer & 

Thienemann, 1908) Gatherer/collector 0.95   2.51 

Diptera Paramerina cingulata (Walker, 1856) Predator 0.06     

Diptera Parametriocnemus stylatus (Spärck, 1923) Gatherer/collector     0.34 

Diptera Paratanytarsus grimmii (Schneider, 1885) Gatherer/collector     0.02 

Diptera Rheocricotopus atripes (Kieffer, 1913) Gatherer/collector 0.62 0.51 0.31 

Diptera Simulium azorense (Carlsson, 1963) Filter feeder 10.15 19.98 7.54 

Diptera Synorthocladius semivirens (Kieffer, 1909) Gatherer/collector     0.10 

Diptera Tanypodinae Gen sp. Predator 0.29 3.97   

Diptera Tanytarsini Gen sp. Gatherer/collector 0.21 1.90 0.04 

Diptera Thienemanniella clavicornis (Kieffer, 1911) Gatherer/collector     0.99 

Diptera Tipula sp. Shredder 0.02   0.02 

Diptera Zavrelymia nubilus (Meigen, 1830) Predator   1.22   

Isopoda Jaera nordmanni subsp. insulana Veuille, 1976 Shredder   2.73   

Lumbriculida Lumbriculus variegatus (Müller, 1774) Gatherer/collector 0.11 15.96 0.05 

Monostilifera Prostoma sp. Gatherer/collector 0.15 0.69 0.09 

Sarcoptiformes Hydrozetes sp. Gatherer/collector 0.88   0.09 

Sarcoptiformes Platynothrus sp. Gatherer/collector   0.24   

Sarcoptiformes Thrypochtoniidae Gen. sp. Gatherer/collector     0.09 

Sarcoptiformes Trimalaconothrus sp. Gatherer/collector 0.77 0.30 0.04 

Symphypleona Sminthurididae Gen. sp. Gatherer/collector 0.01 0.15   

Trichoptera Hydroptila sp. Grazer/scraper 2.74 0.15 13.89 

Trichoptera Limnephilus atlanticus Nybom, 1948 Shredder   17.04   

Trichoptera Oxyethira falcata Morton, 1893 Grazer/scraper 19.36   3.35 

Tricladida Dugesia sp. Predator 0.40 0.92 1.05 
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Trombidiformes Sperchon brevirostris Koenike, 1895 Gatherer/collector 1.83 0.57 1.40 

Tubificida Nais sp. Gatherer/collector 30.59 3.46 36.61 

Tubificida Pristina sp. Gatherer/collector     0.43 

  Oligochaeta Gen sp. Gatherer/collector   4.28   

  Ostracoda Gen sp. Filter feeder 0.37   0.02 

  Nematoda sp. Parasite 0.14 1.31   

Total macroinvertebrate abundance (no. individuals/stream type)  755 101 1708   

Total macroinvertebrate taxa richness (no. taxa/stream type) 29 26 31 

Total shredder abundance (no. shredders/stream type)   43 21 3 

 

 

Table S10. PERMANOVA test for total abundance of benthic macroinvertebrates in native, 

cryptomeria and pasture streams (n=3 streams per type) at the beginning and end of experiment (day 

0 and day 63, respectively). Data was log (x + 1) transformed; resemblance was calculated using 

Bray-Curtis similarity index. 

Source of variation df SS MS Pseudo-F P (perm) perms 

Stream type 2 17444.0 8722 6.478 0.007 275 

Time 1 419.1 419.1 0.660 0.654 999 

Stream (Stream 

type)  6 8078.5 1346.4 2.121 0.003 999 

Stream type x Time 2 2368.9 1184.5 1.866 0.103 998 

Residual 6 3808.9 634.8       

Total 17 32119.0         

 

Table S11.  Summary table of one-way ANOVA performed on benthic total shredder density and 

benthic L. atlanticus density in native, cryptomeria and pasture streams (n=3 streams per type, with 

the two sampling dates averaged per stream). 

Source df MS F p 

Benthic total shredder density 

Intercept 1 2301.48 13.52 0.002 

Stream type 2 609.31 3.58 0.054 

Error 15 170.20   

     

Benthic L. atlanticus density 

Intercept 1 138.89 15.08 0.001 

Stream type 2 138.89 15.08 <0.001 

Error 15 9.21   
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Table S12. Mean relative abundance (%; across streams and dates) and total taxa richness of 

macroinvertebrates associated with clethra leaves enclosed in coarse-mesh bags over 15,30,45 and 63 

days incubation in native, cryptomeria and pasture streams (n=3 streams per type; n=3 replicates per 

stream and date). FFG, functional feeding groups. 

Order Taxa FFG Native Cryptomeria Pasture 

Basommatophora Physella acuta (Draparnaud, 1805) Grazer/scraper     0.02 

Coleoptera Agabus sp. Predator   3.33   

Coleoptera Dryops sp. Predator     0.20 

Crassiclitellata Eiseniella tetraedra (Savigny, 1826) Gatherer/collector 0.15 0.40 0.07 

Diptera Chaetocladius melaleucus (Meigen, 1818) Gatherer/collector 0.19     

Diptera Chironomini Gen. sp. Gatherer/collector     0.36 

Diptera Clinocerinae Gen. sp. Predator 0.66 1.79 2.39 

Diptera Cricotopus sylvestris Fabricius, 1794 Gatherer/collector     0.70 

Diptera Dicranomyia sp. Shredder 0.81   0.21 

Diptera Limnophyes minimus (Meigen, 1818) Gatherer/collector     0.05 

Diptera Orthocladiinae Gen. sp. Gatherer/collector 21.36 15.71 25.86 

Diptera Orthocladius fuscimanus (Kieffer & Thienemann, 1908) Gatherer/collector 0.20   0.80 

Diptera Parametriocnemus stylatus (Spärck, 1923) Gatherer/collector     1.04 

Diptera Psychodidae Gen. sp. Gatherer/collector     0.05 

Diptera Rheocricotopus atripes (Kieffer, 1913) Gatherer/collector 1.01 0.76 2.43 

Diptera Simulium azorense (Carlsson, 1963) Filter feeder 0.28 0.16 8.19 

Diptera Tanypodinae Gen. sp. Predator 13.73 11.42 0.10 

Diptera Tanytarsini Gen. sp. Gatherer/collector   0.76   

Diptera Thienemanniella clavicornis (Kieffer, 1911) Gatherer/collector     1.57 

Diptera Tipula sp. Shredder     0.01 

Lumbriculida Lumbriculus variegatus (Müller, 1774) Gatherer/collector 1.67 4.35 1.89 

Monostilifera Prostoma sp. Gatherer/collector 0.15 0.25 0.42 

Poduromorpha   Gatherer/collector     0.22 

Sarcoptiformes Hydrozetes sp. Gatherer/collector 0.64   0.08 

Sarcoptiformes Platynothrus sp. Gatherer/collector 0.16   0.03 

Sarcoptiformes Thrypochtoniidae Gen. sp. Gatherer/collector     0.01 

Sarcoptiformes Trimalaconothrus sp. Gatherer/collector 0.11   0.05 

Trichoptera Hydroptila sp. Grazer/scraper 0.40   9.67 

Trichoptera Limnephilus atlanticus Nybom, 1948 Shredder 0.35 50.41   

Trichoptera Oxyethira falcata Morton, 1893 Grazer/scraper 25.93 0.23 3.51 

Tricladida Dugesia sp. Predator 2.18 1.69 5.67 

Tricladida Phagocata vitta (Duges, 1830) Predator     0.02 

Trombidiformes Sperchon brevirostris Koenike, 1895 Gatherer/collector 4.70 0.95 1.38 

Tubificida Nais sp. Gatherer/collector 24.54 7.01 31.94 

Tubificida Pristina sp. Gatherer/collector     0.22 

  Nematoda Gen. sp. Parasite     0.04 

  Oligochaeta Gen. sp. Gatherer/collector 0.40 0.79 0.78 

  Ostracoda Gen. sp. Filter feeder 0.42     

Total taxa richness (no. Taxa/stream type)   22 16 33 

Total shredder abundance (no. shredders/stream type) 0 6 0 
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Table S13. PERMANOVA test for total abundance data of macroinvertebrates associated with clethra 

leaves enclosed in coarse-mesh bags and incubated in native, cryptomeria and pasture streams (n=3 

streams per type) over 15, 30, 45 and 63 days (n=3 replicates per stream and date). Data was log (x + 

1) transformed; resemblance was calculated using Bray-Curtis similarity index. 

Source of variation df SS MS Pseudo-F P (perm) perms 

Stream type 2 109300 54648 5.842 0.002 823 

Time 3 9744 3248 1.777 0.032 999 

Stream (Stream type)  6 56184 9364 8.968 0.001 998 

Stream type x Time 6 14834 2472 1.352 0.080 997 

Stream (Stream type) x Time 18 32969 1832 1.754 0.001 995 

Residual 70 73095 1044       

Total 105 297270         

 

 

Table S14.  Summary table of two-way ANOVA performed on shredder density associated with 

clethra leaves enclosed in coarse-mesh bags and incubated in native, cryptomeria and pasture streams 

(n=3 streams per type) at days 15, 30, 45 and 63 (n=3 replicates per stream and date). 

Source df MS F p 

Intercept 1 5058.14 33.82 <0.001 

Stream type 2 3626.94 24.25 <0.001 

Time 3 369.09 2.47 0.067 

Stream type x 

Time 
6 290.86 1.94 0.082 

Error 94 149.57     

 

Table S15. Summary table for one-way ANOVAs performed on chemical and physical characteristics 

of the three leaf species used in the experiments. DM, dry mass. 

Source of variation df MS F P 

P (% DM) 2 0.01 23.07    0.002 

N (% DM) 2 2.13 172.87 < 0.001 

C (% DM) 2 7.61 5.48    0.044 

Lignin (% DM) 2 276.18 101.67 < 0.001 

Phenols (% DM) 2 58.97 95.53 < 0.001 

Toughness (g) 2 30198.86 42.19 < 0.001 
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Table S16. Summary table for one-way ANOVAs performed on metal concentrations of a stream 

with low metal concentration (reference stream) and a stream naturally enriched with metals (metal-

enriched stream). 

Source of variation df MS F P 

Al (μg/L) 1 136831683 10.481 0.084 

Fe (μg/L) 1 204339 24.874 0.015 

Mn (μg/L) 1 38349 29.028 0.013 

 

Table S17. Summary table for two-way ANOVAs performed on metal concentrations in leaves 

(three species) previously exposed in a stream with low metal concentration and in a stream 

naturally enriched with metals. 

Source of variation df         MS F P 

Corrected model 

Al  5 423807 4.24   0.043 

Fe 5 10381213 3091.86 <0.001 

Mn 5 4370 453.21 <0.001 

Intercept 

Al  1 39147698 391.64 <0.001 

Fe 1 56220267 16744.21 <0.001 

Mn 1 79161 8209.15 <0.001 

Species 

Al  2 88434 0.88  0.454 

Fe 2 925259 275.57 <0.001 

Mn 2 10527 1091.74 <0.001 

Stream 

Al  1 1694001 16.95 <0.001 

Fe 1 45344712 13505.12 <0.001 

Mn 1 652 67.62 <0.001 

Species  Stream 

Al  2 153696 1.54   0.280 

Fe 2 400516 119.29 <0.001 

Mn 2 106 11.04   0.007 

Error 

Al  7 99959   
Fe 7 3357   
Mn 7 9   

 

Table S18. Summary table for Friedman’s tests performed on feeding preference trials for the two 

choice situations: (i) choice among the three leaf species incubated either in a stream with low metal 

concentration (reference leaves) or in a stream naturally enriched with metals (metal-enriched 

leaves) and (ii) choice between reference and metal-enriched leaves for each leaf species. 

Feeding preference trials N Chi-Square df P 

(i) 
Reference leaves 9 10.667 2   0.005 

Metal-enriched leaves 11   3.455 2   0.178 

(ii) 

A. glutinosa: Reference vs Metal-enriched 11 11.000 1 <0.001 

I. perado: Reference vs Metal-enriched 14   2.571 1   0.109 

L. azorica: Reference vs Metal-enriched 12   5.333 1   0.021 
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Table S19. Summary table for three-way repeated measures ANOVA performed on relative 

consumption rates of L. atlanticus individuals fed over three weeks with one of the three leaf 

species previously exposed in a stream with low metal concentration and in a stream naturally 

enriched with metals. 

Source of variation df MS F P 

Intercept 1 1.673 246.959 <0.001 

Species 2 0.226 33.321 <0.001 

Stream 1 0.036 5.241   0.028 

Species  Stream 2 0.018 2.617   0.086 

Error 39 0.007     

Time 2 0.017 4.377   0.016 

Time  Species 4 0.016 4.136   0.004 

Time  Stream 2 0.003 0.793   0.456 

Time  Species  Stream 4 0.005 1.258   0.294 

Error 78 0.004   

 

 

Table S20. Summary table for three-way repeated measures ANOVA performed on relative growth 

rate of L. atlanticus individuals fed over three weeks with one of the three leaf species previously 

exposed in a stream with low metal concentration and in a stream naturally enriched with metals. 

Source of variation df MS F P 

Intercept 1 47.927 0.426 
    

0.517 

Species 2 1238.224 11.010 <0.001 

Stream 1 32.545 0.289   0.593 

Species  Stream 2 33.693 0.300   0.743 

Error 46 112.465   

Time 2 1147.952 10.110 <0.001 

Time  Species 4 67.866 0.598   0.665 

Time  Stream 2 12.147 0.107   0.899 

Time  Species  Stream 4 64.940 0.572   0.684 

Error 92 113.547   
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Table S21. Summary table for one-way ANOVA performed on water physical and chemical 

parameters from reference stream and metal-enriched stream) (n=2 replicates per water parameter 

and stream). 

Water parameters df MS F P 

Temperature (ºC) 1 61.92 65.66 <0.001 

pH 1 0.94 8.68 0.009 

Conductivity (S/cm) 1 87516.45 28.48 <0.001 

TDS (mg/L) 1 21780.00 28.52 <0.001 

DO (%) 1 124.50 1.28 0.273 

DO (mg/L) 1 5.21 5.59 0.029 

Al (μg/L) 1 55860676.00 105.96 0.009 

Fe (μg/L) 1 3904576.00 136.37 0.007 

Mn (μg/L) 1 49284.00 3.54 0.201 

TDS, Total dissolved solids; DO, Dissolved oxygen 

 

 

Table S22. Summary table for one-way ANOVAs performed on metal concentration (Al, Fe and Mn) 

on leaves before and after incubation (two weeks) in a stream with low metal concentration (reference 

leaves) and in a stream naturally enriched with metals (metal-enriched leaves) (n=3 replicates per 

metal parameter and leaf treatment). 

Metals df MS F P 

Al (μg/g) 2 4978245 48.7 <0.001 

Fe (μg/g) 2 10104447046 199.9 <0.001 

Mn (μg/g) 2 1197751 139.0 <0.001 

 

 

Table S23. Summary table for two-way repeated measures ANOVA performed on AFDM remaining 

of clethra leaf discs for the two leaf treatments (reference and metal-enriched leaves) and the six water 

treatments (0%, 10%, 25%, 50%, 75% and 100%) over time (15, 43 and 90 days) (n=4 replicates per 

water and leaf treatment and date). 

Source of variation df MS F P 

Intercept 1 925715.9 117978.0 <0.001 

Leaf 1 6.7 0.9 0.361 

Water 5 76.7 9.8 <0.001 

Leaf  Water 5 54.2 6.9 <0.001 

Error 36 7.8   

Time 2 4214.6 347.7 <0.001 

Time  Leaf 2 115.8 9.6 <0.001 

Time  Water 10 42.4 3.5 0.001 

Time  Leaf Water 10 18.9 1.6 0.137 

Error 72 12.1   
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Table S24. Summary table for two-way ANOVA performed on AFDM remaining of clethra leaf discs 

for the two leaf treatments (reference and metal-enriched leaves) and the six water treatments (0%, 

10%, 25%, 50%, 75% and 100%) at the end of experiment (90 days) (n=4 replicates per water and 

leaf treatment and date). 

Source of variation df MS F P 

Intercept 1 245707.0 15652.1 <0.001 

Leaf 1 77.8 5.0 0.032 

Water 5 140.3 8.9 <0.001 

Leaf  Water 5 62.5 4.0 0.006 

Error 36 15.7   

 

Table S25. Summary table for two-way repeated measures ANOVA performed on aquatic 

hyphomycete sporulation rates and taxa richness associated with clethra leaf discs for the two leaf 

treatments (reference and metal-enriched leaves) and the six water treatments (0%, 10%, 25%, 50%, 

75% and 100%) over time (15, 43 and 90 days) (n=4 replicates per water and leaf treatment and 

date). 

Source of variation df MS F P 

Sporulation rate     

Intercept 1 2101875.72 241.18 <0.001 

Leaf 1 168741.04 19.36 <0.001 

Water 5 85109.55 9.77 <0.001 

Leaf  Water 5 2759.51 0.32 0.900 

Error 36 8714.82   

Time 2 994393.62 90.19 <0.001 

Time  Leaf 2 51744.80 4.69 0.012 

Time  Water 10 54857.95 4.98 <0.001 

Time  Leaf  Water 10 2347.40 0.21 0.994 

Error 72 11025.60   

Taxa richness     

Intercept 1 10421.01 2804.91 <0.001 

Leaf 1 7.56 2.04 0.162 

Water 5 2.69 0.72 0.610 

Leaf  Water 5 2.38 0.64 0.670 

Error 36 3.72     

Time 2 25.30 9.02 <0.001 

Time  Leaf 2 7.31 2.61 0.081 

Time  Water 10 5.58 1.99 0.047 

Time  Leaf  Water 10 5.03 1.79 0.077 

Error 72 2.81     
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Table S26. Mean relative contribution (%; based on spore production) of aquatic hyphomycete taxa associated with clethra leaves for the two leaf 

treatments (reference and metal-enriched leaves) in the six water treatments (0%, 10%, 25%, 50%, 75% and 100%) along the duration of the 

experiment (90 days) (n=4 replicates per water and leaf treatment, and date). Total taxa richness per treatment is also shown. (*) Morphology 

alterations of spores. 

Taxa 
Reference leaves Metal-enriched leaves 

0% 10% 25% 50% 75% 100% 0% 10% 25% 50% 75% 100% 

Anguillospora filiformis Greathead                 0.07     0.02 

Anguillospora longissima (Saccardo & P. Sydow) Ingold 0.02         0.07 0.04 0.03     0.03 0.02 

Anguillospora sp.          0.06     0.03         

Alatospora acuminata Ingold 0.75 1.44 0.53 0.77 0.86 0.19     0.04   0.04   

Alatospora pulchella Marvanová 1.89 2.18 2.92 5.70 3.38 2.44 0.58 0.54 0.82 0.60 0.58 0.21 

Alatospora pulchella (*5 arms) Marvanová 0.02       0.04     0.07         

Articulospora tetracladia Ingold 7.18 9.88 11.90 6.94 4.15 3.73 1.56 4.28 4.25 4.00 3.54 1.34 

Clavariopsis aquatica de Wild   0.03                     

Filiform sp. 0.03   0.03         0.02 0.03   0.21   

Flagellospora curvula Ingold 62.36 57.14 62.18 44.90 57.78 44.78 60.25 46.98 55.59 36.53 34.02 69.31 

Fontanospora eccentrica (Petersen) Dyko 0.04                       

Geniculospora inflata (Ingold) Sv. Nilsson ex Marvanová     0.07             0.03     

Heliscella stellata (Ingold & V. J. Cox) Marvanová     0.07   0.03   0.10     0.06     

Heliscina campanulata Marvanová                   0.03     

Neonectria lugdunensis Sacc. & Therry 0.03 0.02 0.03 0.07 0.27 1.33 0.01       0.07   

Lemonniera aquatica de Wild 10.45 12.28 9.60 21.08 15.29 23.43 5.31 15.59 16.49 25.18 25.43 12.65 

Lemonniera aquatica (*5 arms) de Wild 0.02 0.10 0.10 0.05 0.03 0.13   0.03 0.07 0.07 0.06 0.04 

Lemoniera pseudofloscula Dyko                   0.05     

Lemonniera terrestris Tubaki 0.33 0.23 0.78 0.63 0.63 1.37 0.39 1.20 1.44 1.35 1.50 0.33 

Lemonniera terrestris (*5 arms) Tubaki     0.10           0.04       

Lemonniera terrestris (*smaller and thinner arms) Tubaki 0.02 0.27 0.07   0.06 0.57 0.16 0.22 0.39 0.25 0.29 0.18 

Lunulospora curvula Ingold 13.26 12.02 9.82 16.01 14.56 19.10 15.29 16.66 10.51 15.61 19.45 12.91 
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Mycocentrospora acerina (Hartig) Deighton             0.03   0.01   0.03   

Mycofaella calcarata Marvanová, Om-Kalth. & J. Webster                     0.02   

Pleuropedium multiseptatum Marvanová & Descals         0.02               

Tetrachaetum elegans Ingold 0.03           0.14 0.02 0.01   0.07   

Tetracladium furcatum Descals                 0.03       

Tetracladium marchalianum De Wild           0.03             

Tetracladium setigerum (Grove) Ingold   0.03   0.01 0.21 0.26 0.04     0.12 0.33 0.19 

Tricellula aquatica J. Webster 0.23 0.31 0.19 0.09 0.13 0.07       0.15     

Tricladium angulatum Ingold   0.03 0.03 0.04   0.04 0.11 0.11 0.08   0.09 0.01 

Tricladium attenuatum Iqbal                     0.04   

Hydrocina chaetocladia Ingold 0.86 1.39 0.74 2.83 1.41 1.36 14.13 13.19 9.11 11.20 13.11 2.26 

Tricladium curvisporum Descals       0.04     0.01 0.10 0.04   0.03   

Tricladium patulum Marvanová & Marvan 0.07       0.02             0.06 

Tricladium splendens Ingold 0.03 0.13 0.04 0.04 0.01 0.10 0.15 0.17 0.22 0.43 0.06 0.15 

Tricladium sp.           0.03             

Triscelophorus acuminatus Nawawi 2.07 2.03 0.56 0.63 0.61 0.61 0.65 0.18 0.13 2.61 0.30 0.02 

Undetermined conidia 0.29 0.50 0.23 0.19 0.46 0.34 1.06 0.58 0.71 1.74 0.66 0.31 

Total taxa richness 21 18 20 17 21 20 19 19 21 18 23 17 
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Table S27. PERMANOVA test for total abundance data of aquatic hyphomycetes 

associated with clethra leaf discs for the two leaf treatments (reference and metal-enriched 

leaves) and the six water treatments (0%, 10%, 25%, 50%, 75% and 100%) over time (15, 

43 and 90 days) (n=4 replicates per water and leaf treatment and date). Data was log (x + 

1) transformed; resemblance was calculated using Bray-Curtis similarity index. 

Source of variation df MS Pseudo-F P(perm) perms 

Leaf 1 9508.30 23.68 0.001 999 

Water 5 1461.80 3.64 0.001 998 

Time 2 12854.00 32.01 0.001 999 

Leaf  Water 5 896.23 2.23 0.002 999 

Leaf  Time 2 2693.80 6.71 0.001 999 

Water  Time 10 756.12 1.88 0.001 997 

Leaf  Water  Time 10 705.75 1.76 0.007 998 

Residual 108 401.54    
Total 143     
 

 

Table S28. Summary table of average dissimilarity of SIMPER analysis performed on 

total abundance of aquatic hyphomycetes associated with clethra leaf discs for the two 

leaf treatments (reference and metal-enriched leaves). 

Average dissimilarity = 34.20 Reference Metal-enriched     
Species  Av.Abund   Av.Abund Av.Diss Diss/SD Contrib% Cum.% 

Tricladium chaetocladium 1.19 2.84 4.40 1.59 12.88 12.88 

Articulospora tetracladia 2.49 1.73 3.53 1.44 10.31 23.19 

Lunulospora curvula 3.02 3.24 3.33 1.14 9.75 32.93 

Alatospora pulchella 1.65 0.61 3.32 1.36 9.69 42.63 

Flagellospora curvula 4.85 4.53 3.30 1.09 9.64 52.27 

Lemonniera aquatica 3.37 3.48 2.50 1.08 7.31 59.58 

Lemonniera terrestris 0.59 0.93 2.30 1.25 6.72 66.30 

Undetermined conidia 0.40 0.83 2.07 1.14 6.04 72.34 

Triscelophorus acuminatus 0.67 0.32 1.94 0.84 5.66 78.00 

Alatospora acuminata 0.72 0.03 1.73 0.95 5.07 83.07 

Lemonniera terrestris (*smaller) 0.19 0.32 1.02 0.74 2.97 86.04 

Tricladium splendens 0.11 0.24 0.73 0.63 2.15 88.19 

Tricellula aquatica 0.24 0.04 0.66 0.58 1.94 90.13 
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